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Abstract
Although it is well established that microalgae take up metals and other contaminants from water and it has
been suggested that algae may play a signiﬁcant role in mobilizing sediment bound contaminants, there has
been little research on the uptake of sediment-associated contaminants by microalgae. This may be important
for microphytobenthos, which is closely associated with sediments. We report on laboratory experiments investigating the uptake of cadmium (Cd) from sediment and water by Cylindrotheca closterium over 96 h. The role of
microalgae in the partitioning of Cd between sediment and water was also investigated. While concentrations
do not typically represent those in the natural environment, we showed C. closterium takes up Cd from sediment, and concentration in microalgae is affected by sediment organic matter content. Cylindrotheca closterium
inﬂuenced Cd movement between sediment and water: transfer from water to sediment was slowed, while
transfer from sediment to overlying water (all treatments) and interstitial water (unprocessed sediment treatments) was increased. This is the ﬁrst article to describe Cd uptake by diatoms from intertidal sediment in relation to sediment properties and mobilization of Cd from sediment in the presence of diatoms. Microalgae may
serve as a pathway for sediment-associated metals to enter into aquatic food webs, and their presence appears to
increase metal concentrations in water potentially making any mobilized metals available for uptake by other
species. Given this and their importance as the basis of the food chain, there may be implications for environmental and human health and potential impacts for the biological stability of the sediment.

Microphytobenthos, the mixed community of photosynthetic
algae and cyanobacteria that lives in the top few millimeters of
sediment in the muddy intertidal zone (MacIntyre et al. 1996), is
important in the stabilization of the mud ﬂat surface (Van de
Koppel et al. 2001; Stal and de Brouwer 2003) and is the main
primary producer in estuaries (Baillie and Welsh 1980; De Jonge
and Van Beusekom 1995; Meleder et al. 2010), forming the base
of the estuarine food chain (Kanaya et al. 2008; Yoshino et al.
2012; McCormick et al. 2014). It has long been established that
metals and other contaminants are taken up from the water column by algae, making them an important factor inﬂuencing the
fate and transport of contaminants in natural systems (Schmitt
et al. 2001; He and Chen 2014; Beldowska et al. 2015).
Phytoplanktonic microalgae are well studied with respect
to contaminant uptake from water (Heldal et al. 2001; Lee and
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Fisher 2016); however, there has been very little research to
date involving the algae of the microphytobenthos (Stronkhorst
et al. 1994). In particular, although it has long been suggested
that algae may play a signiﬁcant role in mobilizing sediment
bound metals (Laube et al. 1979), there has been a dearth of
research involving the uptake of contaminants from sediment to
microphytobenthic algae (Stronkhorst et al. 1994; Absil and van
Scheppingen 1996).
Metals are naturally ubiquitous in estuarine systems and while
some are essential micronutrients but toxic in high doses, others
serve no biological function. The only known biological role of
cadmium (Cd) is as a zinc (Zn) replacement at the catalytic site of
carbonic anhydrase, reported in the marine diatom Thalassiosira
weissﬂogii (Lane and Morel 2000) in a study which also discovered a distinct Cd-speciﬁc form of carbonic anhydrase (CDCA).
In a subsequent investigation, Park et al. (2007) observed the
presence of CDCA in other diatom species and speculated that
this may be an adaptation to the marine environment where Zn
is in short supply. Otherwise, Cd is known for its toxicity and represents a signiﬁcant public health concern as it enters the food
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chain (Maret and Moulis 2013). Speciﬁcally, it has been suggested
that uptake by microalgae may cause bioaccumulation and biomagniﬁcation of Cd through the food chain (Moreno-Garrido
et al. 2003). Cd is known to be damaging to the kidneys and to
affect the bone metabolism and the cardiovascular system of
mammals (Maret and Moulis 2013).
The Screening Quick Reference Table (SQuiRT) identiﬁes
the threshold effects level, the maximum level at which no
biological effects are observed, for Cd in marine sediment as
0.68 mg kg−1 and the apparent effects threshold, the level at
which biological indicator effects are always observed, as
3.0 mg kg−1 (Buchman 2008). According to the SQuiRT for
inorganics in sediment, expected background levels of Cd in
uncontaminated locations are 0.1–0.3 mg kg−1 (Buchman
2008). This ﬁgure is supported by Bryan and Langston (1992),
who describe sediment concentrations in pristine locations in
the UK as about 0.2 mg kg−1. In contrast, in contaminated sediment in the Scheldt Estuary in the Netherlands, Cd has been
measured as 5.24  3.31 mg kg−1 (Stronkhorst et al. 1994). Absil
and van Scheppingen (1996) measured a range of concentrations
from 0.06 to 7.9 mg kg−1 at 11 locations in the Oosterschelde
and Westerschelde estuaries in the Netherlands.
Uptake and toxicity of Cd to the freshwater diatom
Navicula pellicosa (Irving et al. 2009), freshwater green algae
Pseudokirchneriella subcapitata (Paquet et al. 2015), marine
microalgae (Wang and Wang 2009), and the coastal diatom
Thalassiosira pseudonana (Sunda and Huntsman 1996) have
previously been investigated; however, these studies
involve uptake from water only. There have been studies
concerning the toxicity of Cd-contaminated sediment
(Moreno-Garrido et al. 2003) to benthic microalgae, but no
measurements of uptake were reported.
In this study, the potential for uptake of an example metal
(Cd) from sediment and water to the diatom Cylindrotheca
closterium is investigated in a laboratory experiment to determine how uptake varies depending on the media (sediment or
water) contaminated and sediment properties (particle size
and organic matter content). Additionally, partitioning of Cd
between the sediment and overlying water in the presence
and absence of diatoms is examined. The experiments presented here are a ﬁrst step toward understanding contaminant
uptake from sediment by microphytobenthic algae and the
inﬂuence of those algae on metal cycling between sediment
and water. The information obtained, combined with data
from ﬁeld and mesocosm studies, could ultimately be used in
biogeochemical models to understand Cd cycling in estuarine
environments and contribute to environmental and human
health risk assessment.

Materials and methods
A single diatom species C. closterium (Ehrenberg) Lewin and
Reimann isolated from Loch Roag, Scotland in 2004 (strain
no. 1017/10) was purchased from the Culture Collection of

Algae and Protozoa (CCAP, Oban, UK). Cylindrotheca closterium
was selected due to its high growth rate (Tanaka 1984; SilvaAciares and Riquelme 2008) and the fact that it has long been
grown in culture and used in toxicology studies (Araujo et al.
2010). Cells were cultivated in f/2 media (Guillard and Ryther
1962) enriched with silicon dioxide (SiO2) (f/2 + Si) with a
base of artiﬁcial seawater (Tropic Marin®) of 22 salinity prepared with Milli-Q® water. Diatoms were held in colonial, unialgal cultures maintained in glass Erlenmeyer ﬂasks (De Orte
et al. 2014; Lee and Fisher 2016) on a substratum of puriﬁed
sea sand (Fisher Scientiﬁc) at 15 C under a 12:12 h light:dark
cycle at an irradiance of 60 μmol photons m−2 s−1 in a controlled environment facility. Diatom cells were harvested for
experimental use during the exponential growth phase (this
was established to be 3-d-old cultures in earlier work using cell
counts to assess the growth conditions).
To avoid the chelating effects of ethylenediaminetetraacetic
acid (EDTA) on Cd during the experimental period, the
growth medium was amended by exclusion of the trace metals
stock (following the method of Moreno-Garrido et al. 2003
and Pérez-Rama et al. 2010), this is hereafter referred to as
light media. Satisfactory growth of control cultures in this
media was checked prior to the study (unpublished data).
Surface (top 50 mm) intertidal sediment was obtained from
Loch Fleet (a tidal basin), Scotland (57 560 N, 4 20 W) and
stored in the dark at 4 C prior to processing. This sediment
was selected due to the low levels of pollution at this location,
which is remote from industrial activity, in an area with low
human population. The sediment was analyzed for potential
metal contaminants and nothing of concern was found. The
range of concentrations for aluminum (Al), iron (Fe), copper
(Cu), Zn, and silver (Ag) was as follows: Al: 1.15–3.42 mg kg−1;
Fe: 2.71–12.64 mg kg−1; Cu: 0.016–0.021 mg kg−1; Zn: 0.012–
0.030 mg kg−1; and Ag: 3.63–7.77 μg kg−1. Background Cd
concentration was measured as 0.11  0.01 mg kg−1.
Sediment was sieved to 2 mm to remove macrobenthos
and homogenized. Half the sediment (hereafter referred to as
unprocessed) received no further treatment and was stored at
4 C in the dark prior to use. The other half (hereafter referred
to as processed) was autoclaved (121 C, 20 min) to destroy
remaining meiobenthos and microbiota. It was then washed
in distilled water, dried, and stored dry at room temperature
prior to use.
Differences in the sediment properties of organic matter
content and particle size due to different levels of processing
were determined by Coulter LS 230 granulometer and the loss
on ignition method (Dean 1974), respectively.
A 2 g L−1 Cd stock solution (anhydrous CdCl2; Sigma
Chemical, St Louis, MO, U.S.A.) was made up in 22 salinity
artiﬁcial seawater and used to spike water and sediments. Cd
stock solution (6.75 mL) was made up to 1 L with the addition
of light media, resulting in a ﬁnal contamination level of
11.28  0.08 mg L−1. Water pH was adjusted to pH 8.2  0.2
with the addition of 1 mol L−1 NaOH solution, the pH of
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natural seawater and that at which the algae culture was
maintained.
Sediment manipulations were carried out in a glove box
ﬁlled with oxygen free nitrogen as recommended by Simpson
et al. (2004). Cd stock solution (6.75 mL) made up to either
375 mL with artiﬁcial seawater (salinity of 15) and added to
1 kg dry processed sediment or 63.25 mL with Milli-Q® water
and added to 1131.75 g wet unprocessed sediment, to achieve
an 8:3 sediment water ratio, resulting in a ﬁnal contamination
level of 10.31  0.12 mg kg−1 for both sediment types, with
an interstitial water of 22 salinity. It was not our intention to
mimic natural Cd contamination levels with this experiment,
but rather to have levels of contamination that it could be easily measured. This sediment contamination level was selected
as a previous study (Moreno-Garrido et al. 2003) showed little
growth inhibition of C. closterium by Cd up to a concentration
of 20 mg kg−1. For uncontaminated sediments, 375 mL artiﬁcial
seawater (salinity 15) was added to 1 kg dry processed sediment
and 63.25 mL Milli-Q® water was added to 1131.75 g wet
unprocessed sediment. Sediment pH was adjusted to pH 8  0.2
with the addition of 1 mol L−1 NaOH solution following the
recommendations of Hutchins et al. (2007), and monitored
and further adjusted over the following 3 d. Sediments were
stored at room temperature (18–21 C) in an oxygen free atmosphere for a minimum of 40 d (Simpson et al. 2004) to allow
equilibration of Cd between sediment and pore water.
Experimental treatments (Fig. 1) were run in triplicate, two
containing a C. closterium culture (enabling measurement of both
total and internal contaminant uptake) and one without diatoms.
Experiments were run in 250 mL circular plastic pots. Pots
for treatments that included sediment, were ﬁlled to a depth
of 8 mm with either processed or unprocessed sediment,

which was either contaminated or uncontaminated. Pots for
treatments without diatoms had 100 mL light media added,
treatments with diatoms had 70 mL light media added and
were topped up with 30 mL of C. closterium culture in growth
media at a cell density of 106 cells mL−1.
The experiment ran for a total period of 96 h (following
U.S. Environmental Protection Agency guidelines for toxicity
tests; USEPA 2002) in the controlled environment facility
under the conditions described above. Sampling was carried
out at 3, 24, and 96 h. The experiment was repeated three
times for replication purposes.
At the end of each time period, 24 containers were removed
from the controlled environment chamber. The components
(overlying water, diatoms, pore water, and sediment) were then
separated out for further processing and analysis.
Overlying water was syphoned from the sediment using a
vacuum pump, on a low draw and ﬁtted with a pipette tip. Diatoms were separated from the sediment using the lens tissue
method (Eaton and Moss 1966). Pore water was extracted by
centrifuging the sediment at 3100 relative centrifugal force
(RCF) for 20 min at 4 C (USEPA 2001). Overlying and porewater samples were ﬁltered through a 47 mm 0.45 μm cellulose
nitrate ﬁlters (Whatman™) diluted to 1:5 with Milli-Q® water
and acidiﬁed to 2% v/v with concentrated nitric acid (HNO3,
70% w/w) in preparation for analysis by inductively coupled
plasma mass spectrometry (ICP-MS). All the equipment was
Decon90® washed and rinsed with Milli-Q® water before use.
Sediment aliquots for Cd concentration analysis were ground to 125 μm with a pestle and mortar and 0.25 g was
weighed into Teﬂon™ tubes to which 2 mL HNO3 (70% w/w)
was added prior to microwave digestion (USEPA 2007). Samples were gravity-ﬁltered and diluted to 100 mL with Milli-Q®

Fig. 1. Experimental treatments.
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water to give a 2% v/v acid matrix in preparation for analysis
by ICP-MS.
Three fractions of removed Cd were obtained: total, intracellular, and bioadsorbed (or extracellular). Following separation from the sediment, total Cd in the cells was determined
by ﬁltration through two preweighed superposed 47 mm,
0.45 μm cellulose nitrate ﬁlters (Mucha et al. 2003; Zidour
et al. 2019). Filters were dried and reweighed to determine the
dry weight of the diatom sample before being separately
digested for 48 h with 1 mL HNO3 (70% w/w) and 0.5 mL
perchloric acid (HClO4, 72% w/w). Cd was measured on both
ﬁlters and the lower ﬁlter used as a blank.
Intracellular Cd was measured by suspending the diatom
pellet in 0.02 mol L−1 EDTA solution for 20 min. This was
followed by centrifuging and washing twice in artiﬁcial seawater (salinity 22). EDTA washing removed Cd adsorbed to the
cell surface allowing intracellular Cd to be measured (PérezRama et al. 2010). The washed pellet was ﬁltered, weighed,
and digested in the same way as in total Cd determination.
Extracellular Cd was determined by subtracting the intracellular Cd concentration from the total.
All samples (algae, sediment, pore, and overlying water) were
analyzed for Cd concentration using an ICP-MS (XSERIES
2, Thermo Scientiﬁc, Germany) using collision cell technology
to reduce potential polyatomic interferences. Multielement
standards (Merck, Germany) certiﬁed by the National Institute
of Standards and Technology (NIST), internal standards (scandium [Sc] and rhodium [Rh]), and blanks were included in each
run, limits of detection (LOD) plus the certiﬁed and measured
values of the standard are given in Table 1. All samples were
run in triplicate and reference samples included in each run to
check accuracy and consistency. All samples from treatments
containing Cd had measured values at least one order of magnitude greater than the LOD.

The bioconcentration factor (BCF) is used to describe the
distribution of Cd between C. closterium and sediment
(BCFSed) or overlying water (BCFWat), while the concentration
factor (CF) is applied to describe the Cd distribution between
sediment and water. BCF was calculated from the total Cd
accumulated by the algae as follows:




BCFSed = CdAlg mg kg − 1 =CdSed mg kg − 1

ð1Þ




BCFWat = CdAlg mg kg − 1 =CdWat mg L − 1

ð2Þ

where CdAlg is Cd concentration in C. closterium, CdSed is concentration in sediment, and CdWat is concentration in overlying water.
CF was calculated from Cd concentration in the sediment
or water as follows:



CFSed = CdSed mg kg −1 =CdWat mg L − 1

ð3Þ




mg L −1 =CdSed mg kg − 1

ð4Þ

CFWat = CdWat

Statistical analysis was carried out using R (3.2.3) in RStudio.
The lme4 package (Bates et al. 2015) was used to perform linear
mixed effects analysis of the relationship between Cd concentrations and experimental treatments. As ﬁxed effects, the contaminated compartment, time, sediment type, and diatom
presence were entered into the model. As a random effect, there
was an intercept for the effect of experiment run.
CdPPM  Contamination + Time + Sediment + Diatom + ð1jRunÞ
ð5Þ
p values and χ 2 were calculated using likelihood ratio tests.
A p value of ≤ 0.05 was used to determine statistical signiﬁcance.

Table 1. Table of detection limits and certiﬁed and measured values for Merck multielement standard.
Element
(isotope)

LOD
(μg kg−1)

Al (27)

2.24E+01

10

9.498

0.320

3.395

V (51)

5.84E−03

10

9.894

0.035

0.355

Cr (52)
Mn (55)

7.95E−02
1.44E−01

10
10

10.000
9.941

0.123
0.124

1.229
1.245

Fe (56)

7.31E−01

10

9.871

0.195

1.971

Co (59)
Ni (60)

4.40E−03
2.01E−01

10
10

9.952
10.010

0.096
0.127

0.962
1.270

Cu (65)

7.59E+00

10

9.981

0.115

1.153

Zn (66)
Ga (69)

8.32E−01
3.74E−01

10
10

9.929
9.957

0.222
0.031

2.236
0.315

As (75)

3.74E−01

10

9.876

0.119

1.205

Ag (107)
Cd (111)

8.44E−03
1.33E−01

10
10

9.961
9.900

0.120
0.093

1.208
0.943

Pb (208)

1.19E−01

10

9.782

0.085

0.873

Certiﬁed value
(μg kg−1)

Measured value
(μg kg−1)
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Results
Sediment properties
Sediment properties prior to the start of the experiment are
shown in Table 2.
At the end of the experimental period, both sediment types,
processed and unprocessed, had very low organic matter content.
Mean organic matter content of the processed sediment was
0.34% lower than the unprocessed sediment (p = 2.6 × 10−7).
Unprocessed sediment has a greater percentage of particles in
the smaller size fractions, clay (p = 7.4 × 10−3) and silt
(p = 1.1 × 10−4), while the processed sediment has a higher percentage of particles in the sand size fraction (p = 1.3 × 10−4).
These differences are likely due to the sediment processing,
organic matter is likely to have been ﬂushed out of the sediment during the washing phase and smaller sediment particles lost during the washing and drying of the processed
sediment.
Diatom growth
The mass of diatoms retrieved was used as a proxy for diatom growth. The only treatment in which there was consistent growth over the 96-h experimental period was that in
which the water was uncontaminated and there was no sediment present. In all other conﬁgurations, the mass of diatoms
retrieved either remained the same or decreased over the
course of the experiment (Fig. 2).
There was an effect of Cd contamination on treatments
without sediment, with higher growth when there was no Cd
added (χ 2 = 6.4, p = 1.2 × 10−2, r2 = 0.61).
Diatom growth appears to be restricted in the presence of sediment. The mass of diatoms collected from uncontaminated,

Table 2. Properties and cadmium concentration of sediments
prior to the addition of cadmium (values given as mean  standard
deviation, n = 3). As the processed sediment is dried, water content
does not apply.
Properties

Sediment

Particle size (%)

Processed

Unprocessed

Clay (<4 μm) (%)

4.40  0.42

5.18  0.19

Very ﬁne silt (4–8 μm) (%)
Fine silt (8–16 μm) (%)

3.75  0.45
5.93  0.76

4.36  0.26
6.38  0.10

Medium silt (16–32 μm) (%)

8.05  1.01

7.86  0.03

Coarse silt (32–64 μm) (%)
Very ﬁne sand (64–128 μm) (%)

11.10  1.03
9.71  0.76

9.77  0.31
8.94  0.13

Fine sand (128–256 μm) (%)

42.01  2.57

40.84  0.91

Medium sand (256–512 μm) (%)
Coarse sand (512–1024 μm) (%)

15.05  1.88
0.00  0.00

16.67  0.13
0.00  0.00

Very coarse sand (1024–2000 μm) (%)

0.00  0.00

0.00  0.00

Water in wet sediment (%)
Organic matter (%)

N/A
1.20  0.09

22.70  0.07
1.54  0.10

Cadmium (mg kg−1)

0.10  0.04

0.12  0.03

processed sediment decreased from 4.72  2.75 mg after 3 h
to 2.02  0.50 mg after 96 h, while that collected from
uncontaminated, unprocessed sediment decreased from
6.08  2.45 mg after 3 h to 3.75  0.82 mg after 96 h.
There was greater recovery of C. closterium from containers
with unprocessed (4.48  2.69 mg) as opposed to processed
sediment (2.68  2.37 mg), whether these were contaminated (sediment or water) or uncontaminated (χ 2 = 7.8,
p = 5.3 × 10−3, r2 = 0.33). There was no difference in diatom
growth in treatments containing sediment whether or not
this was Cd contaminated (χ 2 = 1.6 × 10−1, p = 9.2 × 10−1).
Possible reasons for this are addressed in the “Discussion”
section.
Uptake of cadmium to C. closterium from water and
sediment
Uptake of Cd to C. closterium was greater when water was
initially contaminated (χ 2 = 73.5, p < 2.2 × 10−16, r2 = 0.87)
irrespective of whether sediment was processed or unprocessed
(Fig. 3). When water was initially contaminated (Fig. 3a), there
was an indication of a difference in Cd uptake by C. closterium
between sediment treatments (χ 2 = 5.9, p = 5.2 × 10−2,
r2 = 0.32). A comparison of the three treatments (processed,
unprocessed, and no sediment, Fig. 3a–c) using Tukey’s honest
signiﬁcant difference (HSD) test revealed that uptake of Cd
to C. closterium was greater from water only (no sediment)
than when the sediment was processed (p = 3.6 × 10−2 ).
There was no difference in uptake from contaminated
water between unprocessed sediment and water only
(p = 3.8 × 10−1 ) or between processed and unprocessed sediment (p = 4.8 × 10−1 ). There was no change in Cd concentration in C. closterium over time (χ 2 = 7.9 × 10−1 ,
p = 6.7 × 10−1 ).
When sediment was initially contaminated (Fig. 3d,e), there
was greater uptake of Cd to C. closterium from processed than
from unprocessed sediment (χ 2 = 20.7, p = 5.5 × 10−6, r2 = 0.86).
After 96 h, the mean Cd concentration in C. closterium from
processed sediment was 201  34 mg kg−1, about four times
the concentration in diatoms from unprocessed sediment,
52  17 mg kg−1. Again there was no change in Cd concentration in the diatoms over time (χ 2 = 4.6, p = 1.0 × 10−1).
Bioconcentration factor
The total (both externally adsorbed and internally absorbed)
BCF of Cd in C. closterium related to both sediment and water is
shown in Table 3 as the range of BCF values at each time point
for each of the treatments related to either sediment (BCFSed) or
water (BCFWat) Cd concentrations (n = 3). If BCF is more than 1,
then Cd is bioconcentrated (i.e., higher in the algae than the
contaminated compartment).
BCFSed was higher in processed than unprocessed sediment when sediment was initially contaminated. When the
water was initially contaminated, BCFWat was higher when
sediment was present. When there was no sediment present,
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Fig. 2. Mass of C. closterium (mg DW) retrieved at three time points. In (a–c), there is no contamination; (d–f) water is initially contaminated; and (g, h)
sediment is initially contaminated.

BCFWat remained fairly constant for the duration of the
experiment.
External and internal cadmium in C. closterium
Internal Cd concentration was consistently higher than
external concentration (Fig. 4), i.e., absorption into the diatom cell was greater than external adsorption, for all treatments at all three time points (χ 2 = 19.7, p = 9.0 × 10−6,
r2 = 0.46), except at 24 h when the processed sediment was
initially contaminated (Fig. 4d). The range of values for Cd
concentration was quite variable, probably due to the small
quantities of algae extracted. This resulted in the calculation
of extracellular concentration (obtained by subtracting

intracellular concentration from the total) occasionally having a negative value, when the measured total concentration
was lower than the internal concentration. The resulting
negative values for external adsorption at 3 and 24 h have
been excluded from Fig. 4.
Cadmium in sediment and water when water is initially
contaminated
When water was initially contaminated, Cd concentration
in the sediment increases over time (χ 2 = 30.2, p = 2.8 × 10−7,
r2 = 0.59) (Fig. 5a–d). There was no difference in Cd uptake to
sediment from water due to the different sediment types
(χ 2 = 2.5, p = 1.1 × 10−1). The presence of diatoms slowed
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Fig. 3. Total cadmium uptake (internal plus external, mg kg−1 DW) to C. closterium when (a–c) water is initially contaminated and (d, e) sediment is initially contaminated. Note difference in the y-axis scale in plots (d, e).

the uptake of Cd from the overlying water to the sediment
for both processed and unprocessed sediment (χ 2 = 4.2,
p = 4.1 × 10 −2 ).
Cd concentration in water decreases over time (χ 2 = 30.6,
p = 2.3 × 10−7, r2 = 0.77) (Fig. 5e–h). For both sediment types,
this decrease happened more quickly where C. closterium was
present (χ 2 = 6.7, p = 9.7 × 10−3), when there is biological
adsorption and uptake, as well as transfer to sediment. Mean
Cd concentrations in the water were higher when the sediment was unprocessed (χ 2 = 17.5, p = 2.9 × 10−5), this was particularly noticeable at 3 h especially where there were no algae
present (Fig. 5h).

Cadmium in sediment and water when sediment is initially
contaminated
When sediment was initially contaminated, Cd concentration in the sediment did not change over time (χ 2 = 7.0,
p = 7.3 × 10−2, r2 = 0.52), due to the presence of C. closterium
(χ 2 = 1.8, p = 1.8 × 10−1) or due to sediment type (χ 2 = 3.6,
p = 5.7 × 10−2, Fig. 6a–d). Cd concentrations in the water
increased over time (χ 2 = 50.7, p = 9.6 × 10−12, r2 = 0.77,
Fig. 6e–h). Cd concentrations in water were greater in the
presence of C. closterium (χ 2 = 5.9, p = 1.5 × 10−2); however,
there was no difference in contamination due to the different
sediment treatments (χ 2 = 1.8, p = 1.8 × 10−1).
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Table 3. Bioconcentration factor from contaminated sediment (BCFSed) and water (BCFWat) to C. closterium given as the range (n = 3)
to two signiﬁcant ﬁgures.

Experimental treatment
Initially contaminated

Time (h)

Sediment type

3

24

96

BCFSed (CdAlg/CdSed)
Sediment
Sediment
BCFWat (CdAlg/CdWat)

Processed

8.0–37

14–71

15–25

Unprocessed

3.0–22

5.0–13

4.0–9.0

130–18,000

900–11,000

2200–7600

420–2200
190–300

390–6900
210–240

710–3600
200–380

Water

Processed

Water
Water

Unprocessed
No sediment

Concentration factor
CFSed and CFWat related to sediment and water contamination are shown in Table 4 as the range of CF values at each
time point for all the treatments that included both sediment
and water. If CF is more than 1, then Cd is concentrated in
that compartment.
The CFSed was more than 1 at all three time points and for
all treatments, except at 3 h where water was the initially contaminated component. The inverse was true of CFWat, which
was only greater than 1 after 3 h, when water was initially
contaminated. CFSed was higher than CFWat across all treatments at all time points. When sediment was initially contaminated, CFSed was higher in treatments without C. closterium.
When water was initially contaminated, CFSed was higher
when C. closterium was present except for unprocessed sediment at 96 h.
That concentration of Cd was always higher in the sediment than the water (i.e., CFWat was always < 1) except at 3 h
when the water was initially contaminated, shows there was
quick equilibration of Cd between water and sediment; however, this was mediated by C. closterium (Figs. 5–6).
Cadmium in pore water
It was not possible to extract pore water from all experimental treatments due to the small (if any) quantities collected and the properties of the sediments (processed and
unprocessed) which affected their ability to hold water. From
a potential total of 162 pore-water samples, 102 were successfully extracted. Of these, 67 were from contaminated treatments (34 where sediment was initially contaminated and
33 where water was initially contaminated). Fewer samples
were extracted from processed (n = 14) than unprocessed
(n = 53) sediment and fewer were from samples without diatoms (n = 26) than with diatoms (n = 41). Across the time
periods, there were 22 samples extracted at 3 h, 22 at 24 h,
and 23 at 96 h.
The issues with extraction have implications in terms of
replication. While graphical indications show that there may
be a difference in pore-water concentrations due to sediment
type (Fig. 7), the fact that there is only one replicate for

processed sediment with C. closterium when water was initially
contaminated (Fig. 7c) makes meaningful comparison difﬁcult. With this in mind, there was no statistical test made
between Cd concentrations in pore water for different sediment types.
There was higher Cd concentration in pore water when the
overlying water was initially contaminated (χ 2 = 20.1,
p = 7.2 × 10−6, r2 = 0.59) and higher concentration, regardless
of whether sediment or water was initially contaminated,
when C. closterium was present (χ 2 = 32, p = 1.9 × 10−8, Fig. 8).
There is some indication that contamination of pore water
may increase over time (χ 2 = 5.9, p = 5.3 × 10−2).

Discussion
This is the ﬁrst report to describe differences in Cd uptake
by diatoms from sediment, dependent on sediment properties
(particle size and organic matter content), and the ﬁrst to
describe the mobilization of Cd from sediment in the presence
of diatoms. While there are many studies which have examined Cd uptake by diatoms from water, the authors were only
able to ﬁnd two ﬁeld studies (Stronkhorst et al. 1994; Absil
and van Scheppingen 1996) describing Cd uptake from intertidal sediment to diatoms and were unable to identify any
reports on effects of sediment associated diatoms on Cd partitioning between sediment and water.
Effect of cadmium and sediment on C. closterium growth
Despite previous studies (Moreno-Garrido et al. 2003)
reporting no effect of Cd on C. closterium at concentrations in
sediment below 20 mg kg−1, the presence of Cd does appear to
restrict diatom growth. The mass of diatoms retrieved from the
contaminated and uncontaminated treatments without sediment was similar at the 3-h time point; however, at 24 and
96 h, diatom mass in the contaminated water treatment
remained stable, while in the uncontaminated water treatment
diatom mass increased over time. This indicates some toxic
effect of Cd at concentrations in water of about 10 mg L−1.
There was also an effect of the presence of sediment on diatom growth. Over the course of the experiment, there was no
increase (and in some cases, a slight decrease; Fig. 2b) in the
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Fig. 4. Cadmium concentrations (external and internal, mg kg−1 DW) in C. closterium when (a) sediment is processed and water is initially contaminated, (b) sediment is unprocessed and water is initially contaminated, (c) no sediment and water is initially contaminated, (d) sediment is processed
and initially contaminated, and (e) sediment is unprocessed and initially contaminated. Note difference in the y-axis scale in plots (d, e).

mass of algae recovered from treatments, which included sediment. As there were no other potentially toxic metals at high
concentrations found in the sediment, it is thought that the
impact on growth was due either to an effect of sediment on the
ability of the diatoms to migrate into the lens tissue or a reduction in the C. closterium growth in the presence of sediment. A
previous study using artiﬁcial sediments for toxicity testing
(Moreno-Garrido et al. 2007), reported a negative effect of sediments containing more than 15% silt sized (< 63 μm) particles
(with the remainder of the sediment consisting of sand particles)

on C. closterium growth. This was thought to be due to algae
becoming buried beneath ﬁne sediment. In the current study,
diatoms were the ﬁnal addition to the experiment and sediment
was not disturbed during the 96 h period; therefore, diatoms
would not be buried by sediment unless they migrated. It seems
more likely that growth was affected by the presence of sediment, although the reasons for this are unknown.
A further theory is that diatoms may be subject to predation
by autochthonous organisms (Mauffret et al. 2010); however,
a lower mass of diatoms was recovered from the processed
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Fig. 5. Cadmium concentrations in (a–d) sediment (mg kg−1 DW) and (e–h) water (mg L−1) when water is initially contaminated and (a, b, e, f) sedi-

ment is processed and (c, d, g, h) sediment is unprocessed, outliers ( ) calculated as Q1 − 1.5IQR and Q3 + 1.5IQR (where IQR is interquartile range).
Line indicates Cd concentration at t = 0.

(autoclaved and dried) sediment, in which predators are
unlikely to have survived, than the unprocessed sediment.
Mauffret et al. (2010) also suggested diatoms would be
adversely affected by nutrients released from the sediment,
although this seems unlikely. It seems more plausible that
increased nutrients would stimulate growth and potentially
mask toxic effects (Adams and Stauber 2004). Indeed this

may have occurred in the current study in which the presence
of sediment and Cd does not have a cumulative adverse effect
on the mass of diatoms retrieved. Additionally, higher availability of nutrients in unprocessed sediment (nutrients are likely to
have been ﬂushed out of the processed sediment during washing) may account for the higher mass of diatoms retrieved from
that sediment compared to the processed sediment, although
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Fig. 6. Cadmium concentrations in (a–d) sediment (mg kg−1 DW) and (e–h) water (mg L−1) when sediment is initially contaminated and (a, b, e, f) sediment is processed and (c, d, g, h) sediment is unprocessed. Line indicates Cd concentration at t = 0.

this is also potentially due to the survival and growth of
autochthonous algae in addition to C. closterium.
The effect of the presence of sediment on diatom growth
has implications for toxicity testing and future studies measuring contaminant uptake by microalgae from sediment and
would warrant further investigation.
Cadmium accumulation by C. closterium
The total concentration (adsorption plus absorption) of
Cd to C. closterium was an order of magnitude greater when

water was the initially contaminated component. While no
previous studies of marine or estuarine systems which
directly compared uptake of Cd to microalgae from either
sediment or water were found, there was previous a study
(Laube et al. 1979) which compared uptake of Cd from
either contaminated water or sediment in a freshwater system. Laube et al. (1979) found uptake from Cd contaminated water to Anabaena and Ankistrodesmus braunii to be
~ 50 and ~ 650 times greater, respectively, than from contaminated sediment.
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Table 4. Concentration factor from contaminated sediment and water to sediment (CFSed) and water (CFWat) given as the range
(n = 3) to two signiﬁcant ﬁgures.
Experimental treatment
Initially
contaminated

Time (h)

Sedimenttype

C. closterium

3

24

96

Processed

Present
Absent

450–570
260–13,000

480–1200
550–1500

77–400
120–1100

Unprocessed

Present

1800–3700

240–2600

77–230

Processed

Absent
Present

550–8500
7.7E−1 to 9.6

690–5200
2.4–100

200–1000
9.5–38

CFSed (CdSed/CdWat)
Sediment

Water

Absent

6.6E−1 to 13

1.7–20

10–27

Unprocessed

Present
Absent

8.0E−1 to 1.9
7.1E−1 to 8.7E−1

3.0–11
2.8–5.7

8.5–12
15–18

Processed

Present
Absent

1.7E−3 to 2.2E−3
8.0E−5 to 3.8E−3

8.3E−4 to 2.1E−3
6.7E−4 to 1.8E−3

2.5E−3 to 1.3E−2
8.9E−4 to 8.5E−3

CFWat (CdWat/CdSed)
Sediment

Water

Unprocessed

Present

2.7E−4 to 5.5E−4

3.8E−4 to 4.1E−3

4.3E−3 to 1.3E−2

Processed

Absent
Present

1.2E−4 to 1.8E−3
1.0E−1 to 1.3

1.9E−4 to 1.4E−3
1.0E−2 to 4.1E−1

9.7E−4 to 5.1E−3
2.6E−2 to 1.1E−1

Absent

7.5E−2 to 1.5

4.9E−2 to 5.9E−1

3.6E−2 to 1.0E−1

Present
Absent

5.3E−1 to 1.3
1.2–1.4

9.4E−2 to 3.3E−1
1.7E−1 to 3.5E−1

8.2E−2 to 1.2E−1
5.7E−2 to 6.7E−2

Unprocessed

Fig. 7. Cadmium concentrations in pore water (mg L−1), collected at all three time points, when (a, b) sediment is initially contaminated and (c, d)
water is initially contaminated, outliers ( ) calculated as Q1 − 1.5IQR and Q3 + 1.5IQR.
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Fig. 8. Cadmium concentrations in pore water (mg L−1), in both processed and unprocessed sediment, when (a, b) sediment is initially contaminated
and (c, d) water is initially contaminated, outliers ( ) calculated as Q1 − 1.5IQR and Q3 + 1.5IQR.

The only observed statistically signiﬁcant difference in
uptake of Cd to C. closterium from water occurred between
treatments without sediment, ~ 2500 mg kg−1, and those
with processed sediment, ~ 1500 mg kg−1 (Fig. 3a,c). There
was no difference in Cd uptake by C. closterium between
treatments without sediment and those containing
unprocessed sediment (Fig. 3b,c), or between treatments
containing either unprocessed or processed sediment
(Fig. 3a,b). This was unexpected in that processed sediment
had a lower organic matter content and larger particle size
than unprocessed sediment and was, therefore, expected to
act in a more similar way to treatments without sediment.
In contrast, when sediment was the initially contaminated
component, there was a difference in the total concentration
of Cd in C. closterium between the sediment treatments, with
greater uptake of Cd from processed than from unprocessed
sediment (Fig. 3d,e). This may be due to two factors; ﬁrst,
unprocessed sediment has a higher organic matter content
than processed sediment; and, second, a greater percentage of
particles in unprocessed sediment were in the smaller size
class compared to the processed sediment, this is due to both
organic matter and small sediment particles being removed in
the washing and drying process. Particle size, surface area, and
composition all inﬂuence metal binding (Turner and Millward
2002). Metals preferentially attach to organic matter and
smaller particle sizes, due to the availability of binding sites
and high surface area (Fan et al. 2017). It is therefore suggested

that a higher availability of binding sites in the unprocessed
sediment results in lower Cd concentrations in C. closterium.
This is in line with the ﬁndings of Eimers et al. (2002) that
increasing sediment organic matter content increased Cd partitioning to sediment, reduced Cd in the overlying water and
accumulation in the benthic detritivore Asellus racovitzai.
There was an indication (p = 5.7 × 10−2) in the current study
that there may be a corresponding difference in sediment concentration due to sediment type (Fig. 5a–d). The small size of
this difference is probably due to the relative volume of sediment and algae.
There was no change in uptake of Cd to algae over time
when either water or sediment was initially contaminated,
although results for unprocessed sediment (Fig. 3b) suggest
that, were the experiment to run for longer, there might be a
reduction in Cd concentration over time. This result is in contrast to a study by Irving et al. (2009) which found a linear
increase in Cd uptake over time to mats of the freshwater diatom Navicula pelliculosa from water contaminated to 7 μg L−1.
Morin et al. (2008) also reported a linear uptake of Cd to a diatom bioﬁlm in an experiment that ran over 6 weeks with initial Cd concentrations in water of 10 and 100 μg L−1. The fact
that a linear increase uptake was not seen in the current study
may be due to the inclusion of sediment. The only treatment
which saw an increase in diatom Cd concentration from 3 to
96 h was the one in which there was no sediment present
(Fig. 3c). Similarly, Cleveland et al. (2012), in an estuarine
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mesocosm study, which included sediment, sand, and biota,
did not report a linear increase in uptake of silver to bioﬁlms.
The potential for benthic diatoms to take up metal contaminants from sediment is important as they represent the base of
the food chain in estuarine locations, which are often associated
with contaminated sediments (de Souza Machado et al. 2016).
Although uptake is shown in this study, there was no increase
in concentration in algae over time, which may indicate that
uptake is limited. Alternatively, the limited uptake may be due
to the static conditions of the laboratory study and it is
suggested that the outcome may differ under ﬁeld conditions.
Bioconcentration of cadmium in diatoms
Bioconcentration of Cd to C. closterium occurred across all
treatments, whether the initial contamination was in the water
or sediment.
There have been very few studies reporting transfer of
metals from sediment to algae. A pilot study, carried out in
the Scheldt estuary (Stronkhorst et al. 1994), found a BCFsed
for Cd in diatoms of 0.01–0.30 for sediment with a mean dry
weight (DW) Cd concentration of 5.24  3.31 mg kg−1 DW,
which indicates no bioconcentration. However, a follow up
study (Absil and van Scheppingen 1996) in the Westerschelde
estuary found BCFsed ranging from 0.01 to 16.3 for sediment
with a Cd concentrations ranging from 0.08 to 7.9 mg kg−1 DW,
with higher concentration factors occurring at sites with sediment Cd concentrations < 1.5 mg kg−1. The second study
shows greater agreement with results reported here, where a
BCFsed range of 3.0–71 across all time points when sediment
was the initially contaminated component was observed. Previously reported BCFsed may differ from those in the current
study because the two cited studies (Stronkhorst et al. 1994;
Absil and van Scheppingen 1996) were conducted in the ﬁeld,
where uptake is likely to be affected by the very different and
variable environmental conditions. In particular, there is no
exchange of water during the laboratory experiment and the
volume of water relative to the volume of sediment is much
smaller than in the ﬁeld. The lack of a tidal cycle in the laboratory makes it possible for equilibrium between sediment and
water to be achieved; while in the ﬁeld, there will be a constant
cycle between reductive and oxidative conditions. Additionally,
in the ﬁeld, resuspension of sediment by the tide and waves
will cause remobilization of sediment bound metals (Eggleton
and Thomas 2004). Partitioning and bioavailability of metals in
the ﬁeld is also affected by the variable salinity in estuarine
location (Atkinson et al. 2007; Chapman et al. 2013), this in
turn may affect bioconcentration (Mountouris et al. 2002).
Bioconcentration of Cd from water (in treatments without
sediment) was an order of magnitude lower in this study
(190–380, Table 3) than previously reported values (e.g., 1000;
Fowler 2002). A study undertaken in Daya Bay, South China
(Qiu 2015) reported BCFWat in phytoplankton of 4440 and in
the macro algae Ulva fasciata of 5870 for concentrations in seawater of 0.12  0.04 μg L−1 Cd. These differences may be due to

the species studied, salinity, or variation between laboratory and
ﬁeld conditions and warrant further investigation. It has also
been suggested that an increase in ambient nutrient concentration enhances metal uptake of Cd by algae (Wang and
Dei 2001).
Alternatively, it is possible that the difference in BCFWat
between this and other studies is due to the high initial Cd
concentration in water used in this experiment. Although
uptake is highest from water (Fig. 3), BCFWat is low (Table 3),
suggesting a possible upper limit to the biosorption capacity of
C. closterium for Cd. Torres et al. (2014) found a biosorption
capacity for living cells of Phaeodactylum tricornutum from water
of 67.1  3.2 g kg−1 over 72 h. They also found that the highest
BCFWat was obtained in cultures exposed to the lowest Cd concentration (1 mg L−1), as Cd increased, BCFWat decreased to a
minimum value of 419.3 at the highest (100 mg L−1) water
concentration. Reasons for this are ﬁrst that at high concentrations, the ratio of binding sites to Cd is low and they are
quickly saturated. Second, the toxicity of Cd at higher concentrations, which is likely to reduce the amount of Cd removed
intracellularly. This may also explain why BCFWat values
obtained from treatments with sediment were higher than in
treatments without sediment (Table 3). Throughout the experimental period in treatments in which water was initially contaminated, sediment concentrations increased, while water
concentrations decreased (Fig. 5). This reduced the water concentration to which C. closterium was exposed, reducing saturation of binding sites and potentially reducing toxic effect.
External and internal cadmium in C. closterium
Internal absorption into C. closterium cells was observed to
be higher than adsorption to the cell surface for all but one
treatment, which contained processed contaminated sediment
at 24 h. This differs from other studies of Cd uptake by microalgae. A study of the planktonic marine microalgae Tetraselmis
suecica (Pérez-Rama et al. 2010) found that, after 72 h, at initial water concentrations ≤ 6 mg L−1 Cd, the intracellular concentration was higher than the extracellular concentration,
but at initial water concentrations of ≥ 15 mg L−1 Cd, extracellular concentration was higher. This was thought to be due to
the toxic effect of Cd on algae. The same study found that at
24 h, all external Cd concentrations were higher than internal, probably because active uptake and incorporation to the
interior cell occurs more slowly than external adsorption.
Additionally, a study of Cd uptake from freshwater to a bioﬁlm (Morin et al. 2008) found internal Cd was always lower
than externally adsorbed Cd although it increased over the
6 week duration of the study.
Conversely, in line with the current ﬁndings, a study with
P. tricornutum (Torres et al. 2014) found that at low water concentrations (≤ 10 mg L−1), ~ 90% of Cd was internal to the diatom cell; however, this decreased over time and with increasing
Cd concentrations. This was also in agreement with an earlier
study (Torres et al. 1998) in which intracellular Cd was greater
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than extracellular throughout the 96 h experiment. Difference
in uptake between the current study and others is likely to be
due to algal type (T. suecica is a green algae), as uptake differs
with genus and species (Suresh Kumar et al. 2015), and salinity
as well as initial Cd concentration. Other studies which examined diatoms in seawater (Torres et al. 1998, 2014) found results
similar to those from the current study.
Effect of C. closterium on cadmium partitioning
Change in Cd concentration in sediment and water and
uptake by diatoms for different treatments is illustrated in Fig. 9.
Cadmium in sediment and water when water is initially
contaminated
When water was the initially contaminated component, water
Cd concentration decreased over time, with a corresponding
increase in the sediment Cd concentration (Fig. 5). This is to be

Fig. 9. Movement of cadmium between water and sediment and uptake
by diatoms under different contaminant and sediment types. Symbols
indicate " increase or # decrease or = no change in Cd in compartment, ♦
indicates Cd in diatoms. Size relates Cd concentration.

expected as although sediment was stored for 40 d in an oxygen
free environment (Simpson et al. 2004) following contamination (to allow equilibration between sediment and pore
water, ensure Cd was bound to sediment, and ensure porewater concentrations were low), there was necessarily no
equilibration between sediment and overlying water prior to
the start of the experiment. However, it was also observed that,
in the presence of C. closterium, Cd concentrations in the water
decreased more quickly and concentrations in the sediment
increased more slowly. This indicates that algae takes up metal
contamination from water more readily and over shorter timescales than sediment. This was previously observed in a study
of metal sorption to a range of sediment components in
which Cd had a stronger afﬁnity to the green algae, Scenedesmus
quadricauda, than the mineral constituents, bentonite, aluminum oxide, goethite, and quartz (Calmano et al. 1988). Following initial differences in sediment and water concentrations in
treatments with and without C. closterium, sediment concentrations increased and water concentrations reduced to similar
values across all treatments by 96 h. This indicates a potential
two-stage process in treatments with C. closterium, in which Cd
is ﬁrst taken up by the diatoms and then transferred to the
sediment.
Cadmium in sediment and water when sediment is initially
contaminated
There was no difference in sediment Cd concentration due
to the presence of diatoms when sediment was the initially
contaminated component (Fig. 6a–d). As previously stated, this
may be due to the comparative volume of sediment and algae,
with a greater volume of sediment providing a greater number
of binding sites, so although there is uptake by algae, sediment
Cd concentrations are not observably reduced.
When sediment was the initially contaminated component, the Cd concentration in overlying water increased over
time (Fig. 6e–h). It was further observed that concentrations
in water were greater in the presence of C. closterium than
when there were no diatoms present, suggesting that the
microalgae facilitate the release of Cd from the sediment to
the overlying water. This release may be due to three mechanisms: ﬁrst, an alteration of redox conditions at the sediment
surface in the presence of diatoms; second, the excretion of
extracellular polymeric substances (EPSs) by diatoms; and
ﬁnally, Cd efﬂux from cells.
Release of metals from sediment is known to take place due
to changes in the properties of overlying water, such as pH, dissolved oxygen concentration, and salinity (Simpson et al.
2004). These properties are altered at the sediment water interface by the presence of benthic algae, which increases oxygen
through photosynthesis (Yamamoto et al. 2008). It has been
observed that, in Hiroshima Bay, Japan, in sites where sediment
was seeded with microphytobenthos redox potential increased
and acid-volatile sulﬁdes decreased (Yamamoto et al. 2008).
However, a study in France, using benthic chambers at the
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sediment surface, found there was a positive ﬂux of Cd from
the sediment to the water column with increasing respiration,
i.e., when available oxygen was reduced (Amouroux et al.
2003). Properties at the sediment water interface are important
in contaminant ﬂux and these changes may account for
releases to the overlying water in this study.
EPS is a term, which encompasses a wide variety of microbially secreted molecules, comprised primarily of polysaccharides, with physical states ranging from a thick gel to dissolved
organic carbon in solution and has a variety of chemical properties and many biological roles (Decho 2000). Secretion of EPS
by diatoms is closely related to motility (Smith and Underwood
1998), with production occurring in response to changing light,
nutrient availability, and physiological condition (De Brouwer
and Stal 2002). A study of C. closterium (De Brouwer and Stal
2002) distinguished two EPS fractions, a soluble fraction (present in the culture supernatant) and a bound fraction (which
could be extracted using water at 30 C). It is hypothesized that
the soluble fraction may contribute contaminants to the overlying water. Adsorption of Cd to inorganic particles is reduced in
the presence of dissolved organic matter (DOM) (Simpson
1981). An increase of DOM due to the presence of EPS could
reduce adsorption of Cd to sediment and increase concentrations in the water column. However, a previous study (Schlekat
et al. 1998) showed that bacterial EPS increased the binding of
Cd to estuarine sediment. Differences in the availability of
Cd in the presence of EPS may be due different properties of
bacterial and diatom produced EPS, as well as pH and salinity
(Gutierrez et al. 2012).
Production of phytochelatin is induced by the presence of
certain metals, of which Cd has been shown to be the best activator (Cobbett 2000). In marine diatoms, phytochelatins complex with potentially harmful metals and are transported to
vacuoles, whereby they are rendered inert (Nikinmaa 2014).
It has been shown that under high concentrations of Cd, there
is an efﬂux of Cd and phytochelatins from diatoms to growth
media (Lee et al. 1996). This effect has also been seen with mercury (Deng et al. 2013) and, although the mechanism is not
fully understood (Masmoudi et al. 2013), it is speculated that
there may be export of phytochelatin-metal complex as a
detoxiﬁcation mechanism (Lee et al. 1996; Deng et al. 2013).
The observed release of Cd from the sediment to overlying
water in the presence of microalgae has implications for
potential exposure of other intertidal organisms. Further study
is required to better understand both this and the role of benthic diatoms in biogeochemical cycling.
Change in cadmium concentration of pore water
There was difﬁculty in extracting pore water from treatments
containing processed sediment, the properties of which (lower
organic matter content and larger particle size) affected its ability to hold water. In treatments which contained C. closterium,
the sediment held a greater volume of water than those without. This had implications in terms of replication and meant

that no statistical test of Cd concentrations between sediment
types could be carried out. However, it was possible to compare
Cd concentrations in pore water between treatments in which
either sediment or water was initially contaminated and
between those with and without C. closterium. It was observed
that Cd concentrations in pore water were greater when water
was initially contaminated and when C. closterium was present
in the treatments, regardless of whether water or sediment was
initially contaminated (Fig. 8).
Higher Cd concentrations in pore water when water is initially contaminated are probably because there was no equilibration between sediment and water prior to the start of the
experiment. Reasons for higher pore-water Cd concentrations
in the presence of diatoms are probably related to oxygen
availability and EPS excretion as described for overlying water,
but would require further investigation.

Conclusions
Through this study, it has been established that the diatom
C. closterium takes up a signiﬁcant quantity of Cd from the
sediment, as well as the water column, and that this differs
with sediment properties. It has also been shown that the
presence of diatoms affects partitioning of Cd between sediment and water in that when sediment is initially contaminated its presence increases Cd concentrations in overlying
and pore water. Conversely, when water is initially contaminated, diatoms slow the transfer of Cd to the sediment.
These ﬁndings are important to our understanding of metal
bioavailability in the estuarine system. Diatoms at the sediment surface will quickly sequester metal contaminants from
the water and sediment with the potential that these will be
passed up the food chain. Second, by increasing Cd concentrations in the overlying and pore-water diatoms may increase
bioavailability to other organisms.
Further work is required to establish the controls on contaminant uptake from sediment and differences that may
occur due to other environmental conditions such as pH,
salinity, light, and nutrient levels. Additionally, there is more
work to be carried out in understanding why the presence of
diatoms increases Cd in the dissolved phase, in particular,
whether this is due to EPS production, increased oxygen at
the sediment water interface, or efﬂux of phytochelatin-Cd
complexes. This study has shown that, using the described
methods under controlled laboratory conditions, it is possible
to study metal uptake from sediment to benthic microalgae,
paving the way for these further questions to be investigated.
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