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SUMMARY ABSTRACT 

Expanding anthropogenic development within the tropical forest biome is driving the loss of an 

irreplaceable global resource. Mega-diverse tropical forests are vital for regulating the global 

carbon cycle, and are essential for climate change mitigation. Today, over half of the worldôs 

remaining tropical forest is degraded or regenerating secondary forest. Tropical forests are 

becoming increasingly fragmented through the expansion of agriculture and roads. Landscape-scale 

flooding of terrestrial habitats caused by dam construction is an emerging driver of habitat loss and 

fragmentation.  

 

Much attention has been paid to the long-term impacts of tropical forest fragmentation for 

biodiversity, ecosystem functioning, and carbon emissions. Most of our understanding of the 

impacts associated with habitat fragmentation originates from systems in which the habitat matrix 

surrounding remnant forest patches is another, albeit low quality, terrestrial habitat. However, dam-

induced habitat fragmentation results in remnant terrestrial biological communities becoming 

isolated on islands within a water matrix. A water matrix presents the worst-case scenario for 

remnant habitat fragments. In Chapter 2 I synthesise the results of numerous studies reporting the 

responses of taxonomic groups to isolation on reservoir land-bridge islands, and uncover a 

globally-applicable pattern of extinction debt acting upon remnant biological communities on 

reservoir islands. All islands, regardless of taxonomic group, habitat type, or island area lose 

species as island isolation time increases. Moreover, I show that contrary to existing ecological 

theory, once terrestrial habitat becomes isolated within a water matrix, it is effectively too isolated 

for species losses to be buffered by metapopulation dynamics.  

 

Dam development is rapidly expanding in the largest remaining tract of intact tropical forest, the 

Amazon Basin. In Chapters 3 and 4 I study the Balbina mega-dam system in the central Brazilian 

Amazon. Here, I use detailed field inventories of trees and lianas on islands and in continuous 

mainland habitat to determine the impact of landscape-scale habitat fragmentation caused by 

reservoir creation on these taxonomic groups. I find that islands maintain tree communities at 
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significantly lower densities, richness and diversity compared to continuous forest. Furthermore, 

tree communities on islands exhibit compositional divergence from those found in mainland 

continuous forest. Island tree assemblages are dominated by low-wood density species, and may be 

on a trajectory towards communities characteristic of early successional forests with reduced 

carbon storage capacity. In contrast, liana assemblages remain compositionally intact and are 

becoming increasingly dominant relative to trees. Thus, lianas appear robust to many of the 

negative impacts associated with landscape-scale habitat fragmentation. As insular tree 

communities continue to degrade through area- and edge-effects, lianas may become a key feature 

of this archipelagic landscape due to their competitive advantage over trees in disturbed forest 

habitats. Lianas significantly inhibit tree recruitment and carbon storage. Thus, findings from 

Chapters 3 and 4 provide strong evidence for additional, and currently unaccounted-for biodiversity 

and carbon impacts associated with tropical dams. 

 

As development of tropical forest regions increases, there is an urgent need to reconcile the need 

for resources with the need for ecosystem service provision, such as carbon storage, particularly as 

we attempt to mitigate the impacts of rising atmospheric carbon. Recent studies have shown that 

secondary tropical forests have the potential to rapidly uptake atmospheric carbon, and act as a 

powerful tool in climate change mitigation policy. Broad-scale estimates of secondary forest 

carbon uptake are currently based on above-ground biomass alone. In Chapter 5 I present carbon 

stock estimates of additional tropical forest carbon pools - soil and dead woody biomass - in 

secondary forests ranging from 40-120 years. I find that soil fertility (nitrogen concentration) is key 

in determining carbon storage in secondary forests, and that the stability of carbon stocks held in 

dead woody biomass increases with secondary forest stand age. I highlight the need to integrate 

detailed site-specific information into broad-scale predictive models of secondary tropical forest 

carbon sequestration. 

 



iii 

 

This thesis links ecological theory and landscape-scale field inventories, to provide new 

understanding of the long-term costs of tropical forest fragmentation for biodiversity conservation 

and carbon storage, and provides further evidence of the important role secondary tropical forests 

may play in carbon sequestration and climate change mitigation. 
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CHAPTER 1 

General introduction 

 

1.1 TROPICAL FOREST BIODIVERSITY AND ECOSYSTEM SERVICE PROVISION 

The tropical forest biome occupies 15 % of Earthôs land surface, and contains more species than 

any other biome (Olson et al. 2001; Mace, Masundire & Baillie 2005). Tropical forests of the 

Amazon Basin are mega-diverse, containing approximately 11,000 species of canopy tree (Hubbell 

et al. 2008). A single hectare of Amazonian forest can contain ~300 tree species, often represented 

by a single individual (Gentry 1988; Pitman et al. 2001). Amazonian forests comprise 40 % of the 

worldôs tropical forest cover, representing the largest remaining tract of intact tropical forest 

(Laurance 2001). Aside from the intrinsic worth of tropical forests for biodiversity conservation, 

tropical forests provide globally important services such as climate regulation; the economic 

benefits derived from these services - including nutrient cycling, water supply, and raw materials - 

amount to over $2,000 ha-1 year-1 (Costanza et al 1997; Malhi & Grace 2000; Foley et al. 2007). 

 

1.1.2 Tropical forest carbon storage and uptake 

Due to high rates of net primary productivity, tropical forests uptake and sequester significant 

quantities of atmospheric CO2, estimated at ~ 1.19 Pg year-1 (Pan et al. 2011). Thus, tropical forests 

comprise the largest terrestrial store of carbon, containing 471  93 Pg C or 55 % of global stocks, 



2 

 

in contrast to other terrestrial biomes such as boreal forests that store 32 % and temperate forests 

that store 14 % (Pan et al. 2011). Within tropical forests, carbon is stored both above-ground in 

living and dead woody biomass, and below-ground in roots and soil. Over half of the total tropical 

forest carbon stock is held within trees, with around 30 % of the remaining stocks in soil (Jobbagy 

& Jackson 2000; Nascimento & Laurance 2002; Saatchi et al. 2011; Pan et al. 2011). The amount 

of carbon stored below-ground in roots corresponds to approximately 30 % of the carbon stock 

held in above-ground living biomass (Saatchi et al. 2011), while 7-25 % of the total above-ground 

carbon stock is contributed by dead woody biomass (necromass; Clark et al. 2002; Baker et al. 

2007; Palace et al. 2012). 

 

1.1.3 Carbon emission from deforestation 

Deforestation of tropical forests results in significant carbon emissions, recently estimated at ~2 Pg 

year-1 (Grace, Mitchard & Gloor 2014; Rosa et al. 2016; Pearson et al. 2017). An estimated 12 % 

of anthropogenic CO2 emissions are generated by deforestation and forest degradation (net loss of 

forest biomass; van der Werf et al. 2009). Carbon is released from tropical forests through burning 

and decomposition of biomass, and through the concurrent degradation of soil carbon stocks (van 

der Werf et al. 2009; Pearson et al. 2017). Considering just the loss of biomass, historical 

deforestation between 1950-2009 across Amazonia, Congo and S.E. Asia, has led to carbon 

emissions estimated at ~50 Pg C (Rosa et al. 2016). If carbon emissions associated with loss of soil 

carbon stocks were to be included, then these carbon emission estimates are likely to underestimate 

the full carbon emissions associated with deforestation. 

 

1.1.4 Increasing global cover of degraded and secondary tropical forests 

Persistent deforestation and land-use change means that globally approximately 50 % of tropical 

forest cover is now degraded or secondary forest rather than intact old-growth forest (FAO 2010; 

Mitchard et al. 2013; Achard et al. 2014). Intact tropical forests are irreplaceable for biodiversity 

and ecosystem functioning (Barlow et al. 2007; Gibson et al. 2011). However, due to the ongoing 

loss of old-growth forest cover, we are increasingly reliant on secondary tropical forests to deliver 
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ecosystem services such as carbon storage, and habitat for tropical biodiversity (Wright & Muller-

landau 2006; Gardner et al. 2009; Dent & Wright 2009; Dent 2010; Mendenhall et al. 2011; 

Anderson-Teixeira et al. 2016).  

 

The carbon storage capacity of secondary tropical forests increases with forest stand development. 

For example, above-ground biomass rapidly accumulates during the first 20 years of secondary 

forest regeneration, actively taking up atmospheric carbon at a rate of ~3 Mg C ha-1 year-1, which is 

11 times the rate seen in intact primary forests (Poorter et al. 2016). The rate of carbon stock 

recovery differs between carbon pools such that up to 50 % of soil carbon stocks recover within 

~30 years of forest regeneration (Don, Schumacher & Freibauer 2011), and necromass carbon 

stocks lag behind those of above-ground biomass (Anderson-Teixeira et al. 2016). Current broad-

scale estimates of the atmospheric carbon uptake potential of secondary forests, are, however, 

based solely on above-ground biomass (Poorter et al. 2016) or soil carbon (Don et al. 2011) and do 

not include other important carbon pools such as necromass (Martin et al. 2013). Thus, we are 

likely to be underestimating the carbon uptake potential of secondary forests until broad-scale 

models incorporate all tropical forest carbon pools simultaneously (Chazdon et al. 2016). 

 

1.1.5 The role of tropical forests in climate change and policy 

Anthropogenic emissions of greenhouse gases drive changes in global climatic patterns, causing, 

for example, increases in extreme weather events such as drought and flooding, desertification of 

agricultural land, rising sea levels, and loss of endemic species and habitats (Vitousek et al. 1997; 

Sala et al. 2000; IPCC 2014). The threats posed by a changing climate are severe, and there is 

growing international pressure for countries to limit carbon emissions via signatory agreements 

following the 1997 UNFCCC Kyoto Protocol. Climate change mitigation strategies such as 

REDD+ (Reducing Emissions from Deforestation and Degradation) have advocated the cessation 

of tropical forest loss to maintain existing carbon stocks held within intact tropical forests, and 

reduce emissions associated with tropical land clearance and forest degeneration (Gullison et al. 

2007; Gibbs et al. 2007). Increasing the cover of secondary tropical forests, in concert with halting 
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deforestation of remaining intact forests, may provide a powerful, simple, and cheap tool in climate 

change mitigation policy (Chazdon et al. 2016; Poorter et al. 2016). 

 

1.2 THREATS TO TROPICAL FORESTS 

Approximately half of the original old-growth tropical forest cover has been lost to deforestation 

and permanent conversion to another land-use, or has been significantly degraded (FAO 2010; 

Houghton 2012). Agricultural expansion is the strongest driver of tropical deforestation, but 

logging, infrastructure development, mega-dams, and urbanisation all lead to tropical forest loss 

(Foley 2005; DeFries et al. 2010; FAO 2010; Houghton 2012; Finer & Jenkins 2012; Laurance, 

Sayer & Cassman 2014b; Newbold et al. 2015). National and global population growth, and 

increasing resource demand, spurs the anthropogenic advance into tropical forest frontier lands. 

The global population is projected to reach 11 billion during this century, with the highest 

population growth rates expected in developing countries (Laurance et al. 2014b). Developing 

countries are therefore increasing investment into projects to expand road networks and land 

available for agriculture, in efforts to provide resources for burgeoning populations and 

international markets. In parallel, the increasing demand for cheap energy is driving extensive 

development of hydropower schemes (Prado et al. 2016). 

 

1.2.1 Development of the Brazilian Amazon 

Over the past 50 years deforestation and development has largely been driven by increasing rural 

populations, logging, agricultural expansion and mining (Laurance 2001). More recently, global 

demand for GM-free soy products and raw materials for industry has galvanised large-scale 

Government projects such as Avança Brazil, and US$40 billion has been injected into the 

development of frontier areas of the Brazilian Amazon. Avança Brazil has involved the 

construction of roads, railways, power lines and river channelization initiated to transport goods for 

the international trade market (Laurance 2001; Peres 2001a; Laurance et al. 2002b, 2014b, 

Fearnside 2002b; c; Finer et al. 2008). Large-scale development projects such as Avança Brazil 
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trigger forest loss and degradation at spatial scales exceeding those of the physical footprint of 

infrastructure itself. Approximately 75 % of deforestation occurs within 50 km of roads, and there 

is virtually no colonisation or deforestation of intact tropical forests without the presence of roads 

(Kirby et al. 2006). The construction of roads in the Brazilian Amazon is rampant, and the road 

network grew by 17,000 km in just three years between 2004 and 2006 (Kirby et al. 2006; Ahmed 

et al. 2013). A 400 km-wide swathe of deforestation in the eastern Amazon occurred in the wake of 

the 1970s construction of the 2000 km Belem-Brasilia Highway; the re-pavement of the Manaus-

Porto Velho highway will likely cause a similar level of forest clearance, as it links the central 

Amazon to major population centres in the south of the Amazon (Laurance, Goosem & Laurance 

2009).  

 

Access to new land, facilitated by road construction, has caused a rapid increase in the population 

of the Brazilian Amazon, from around 7.5 million in 1970 to >20 million in 2000, with a mean 

growth rate of 3.35 % per annum (Laurance, Albernaz & Costa 2002a). The rural population of 

Amazonia is estimated at 2.4 million (12 % of Brazilôs population; Pereira et al. 2010), and is 

predominantly comprised of farmers practicing small-scale shifting cultivation. Fires associated 

with shifting cultivation can lead to additional forest loss and degradation if they penetrate into 

remaining forest cover, which is a particular risk during droughts (Nepstad et al. 1999; Barlow & 

Peres 2008; Cochrane & Laurance 2008). Between 40,000 and 50,000 separate fires are typically 

detected each year in the Amazon (Laurance 1998; Cochrane & Laurance 2008). Increasing rural 

human populations can also intensify hunting in remnant forest, leading to unsustainable extraction 

of bush meat and loss of vertebrate seed dispersers (Peres & Lake 2003; Wright 2005; Cramer, 

Mesquita & Williamson 2007). Expansion of road networks can also increase animal mortality 

through road kills, particularly in Amazonia where animals are unaccustomed to the presence of 

vehicles (Laurance et al. 2009). 
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1.3 Habitat fragmentation 

1.3.1 Iŀōƛǘŀǘ ŦǊŀƎƳŜƴǘǎ ŀǎ ΨƛǎƭŀƴŘǎΩ 

Any advance of human populations and development of frontier lands leads to direct removal of 

formerly continuous habitat, leaving behind a mosaic of remnant habitat patches (Fahrig 2003; 

Ewers & Didham 2006). These habitat fragments can therefore be thought of as óislandsô within a 

óseaô of a different habitat type. Thus, the Island Biogeography Theory (IBT; MacArthur & Wilson 

1967) has been used to understand species population dynamics in fragmented habitats, and in the 

design and evaluation of biological reserves for conservation (Lomolino 2000; Cook et al. 2002; 

Williams, ReVelle & Levin 2005; Watling & Donnelly 2006; Laurance 2008). The IBT was 

originally developed to explain variation in species richness across oceanic archipelagos, and 

proposes that the species richness of an island is determined by island area, and the degree of 

isolation from a mainland species source pool. According to the IBT, biological communities on 

islands accumulate and are sustained by processes of immigration, extinction, and evolution. 

Islands further from species source pools should have lower rates of species immigration, and small 

islands should have higher rates of local species extinction as there are fewer resources available to 

sustain many species. Rates of evolution of species capable of exploiting new niches on islands are 

dependent on time, environmental stability and resource availability (MacArthur & Wilson 1967; 

Lomolino 2000). The IBT assumes that species are equivalent in terms of both colonisation ability 

and ability to maintain a viable population on an island. Furthermore, the IBT assumes that no 

additional species migrate into islands from the surrounding habitat (Cook et al. 2002).  

    

Fragmentation of existing habitat does not necessarily reflect the processes or assumptions 

underlying the IBT, namely that the species present in fragments are a product of immigration 

(Lomolino 2000; Ewers & Didham 2006). The communities within habitat fragments are relicts 

from a formerly continuous habitat that has been divided into smaller, isolated patches. Thus, due 

to the reduction of habitat area available, rather than a process of species óassembly,ô species are 

lost from fragments and communities are ódisassembledô through a process of ecological 

órelaxationô until a new stable community is reached (Diamond 1972; Gonzalez 2000). 
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 The habitat that is cleared and the habitat that remains following habitat fragmentation is non-

random: habitat fragments are typically left in areas unsuitable for the land-use driving the habitat 

clearance. For instance, if habitat is being cleared for agricultural expansion, the most nutrient-rich 

and shallow-sloped areas will typically be cleared first. The habitat fragments left are a non-

random subset of the original habitat, often occupying steep ground, hilltops and nutrient-poor land 

(Seabloom, Dobson & Stoms 2002; Laurance 2008). Within fragments, the loss of species during 

the órelaxationô process is also non-random: species that are most vulnerable to local extinction 

tend to have low population sizes or high natural fluctuations in populations, low competitive 

ability and disturbance tolerance, and high micro-habitat specialisation (Watling & Donnelly 

2006). 

 

Thus, biological diversity, which can be measured at a range of scales, can be differentially 

affected within a fragmented system. At the landscape-scale, gamma (ɔ) diversity is the species 

richness and composition of the landscape as a whole, and is a product of alpha (Ŭ) and beta (ɓ) 

diversity: Ŭ-diversity is the species richness of a particular site, while ɓ-diversity relates to 

differences in community composition among sites (Whittaker 1972; Magurran & McGill 2011; 

Collins et al. 2016). The Ŭ- and ɓ-diversity of habitat fragments therefore depends on species-level 

population dynamics (metapopulation dynamics), and community-level dynamics across the 

landscape (metacommunity dynamics). The amount and spatial configuration of habitat remaining 

after fragmentation influences Ŭ- and ɓ-diversity levels because of the differential persistence of 

species populations within a remnant habitat patches (Hanski & Ovaskainen 2000). Species loss 

associated with diminished habitat area results in a reduction in Ŭ-diversity, and changes in ɓ-

diversity among fragments. If remnant habitat fragments within a landscape all undergo species 

losses, then broader-scale ɔ-diversity is also reduced (Kareiva & Wennergren 1995). 

 

1.3.2 The importance of the habitat matrix and spatial configuration of fragments 

The immigration of individuals from the habitat surrounding fragments may bolster the population 

of a particular species within a fragment, a process known as the órescue effect,ô and allow insular 
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populations to persist (Brown & Kodric-Brown 1977; Hanski & Gilpin 1991; Hanski & 

Ovaskainen 2000). The ability of a species to persist within a fragment may also be influenced by 

whether the species can use the surrounding matrix as an additional resource, such as for feeding or 

breeding, which may mitigate some of the detrimental effects of reduced habitat area (Kupfer, 

Malanson & Franklin 2006; Watling & Donnelly 2006). At the community-level, species 

assemblages may be supplemented by novel species entering fragments from the surrounding 

habitat matrix; thus, while species richness per se may not decline in fragments, the community 

composition of species within fragments may be modified (Ewers & Didham 2006). Similarly the 

spatial configuration and number of fragments also influences species persistence, as species-

specific dispersal limitation can inhibit the ability of some species to migrate among fragments and 

maintain viable metapopulations (Ewers & Didham 2006; Watling & Donnelly 2006; Martensen et 

al. 2012; Fahrig 2013). 

 

Given the importance of the surrounding habitat matrix in bolstering species populations within 

fragments, the degree to which the habitat fragment and the surrounding matrix differ is paramount 

in determining species persistence in fragments. For example, habitat patches surrounded by a 

similar, but lower quality habitat matrix, e.g. remnant old-growth forest surrounded by secondary 

forest, will maintain a greater proportion of the original species than a fragment surrounded by a 

more hostile matrix, due to increased resource use within the matrix for example (Ewers & Didham 

2006; Mendenhall et al. 2011; Ruffell, Clout & Didham 2016). A high-contrast matrix, such as 

water, confers the least advantage to remnant communities within fragments, as open water can be 

too great a dispersal barrier for many species to cross successfully for example, leading to a 

breakdown in metapopulation dynamics and no órescue effectô (Moore et al. 2008; Mendenhall et 

al. 2014). However, fragments surrounded by another terrestrial matrix may be disadvantaged by 

negative matrix effects such as fires and invasive species penetrating into them from the matrix 

(Cochrane & Laurance, 2002). 
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1.3.3 Extinction debt 

Overall, the fragmentation of terrestrial habitat has a negative impact on remnant communities 

isolated in fragments: a synthesis of 35 years of findings from seven different experimentally 

fragmented landscapes revealed that the level of biodiversity in fragments is reduced between 13 

and 75 %, and ecosystem functioning such as carbon storage is acutely impaired (Haddad et al. 

2015). The speed and magnitude of species loss from fragments as they undergo órelaxationô to 

new equilibrium communities is mediated by fragment size, spatial configuration, and type of 

surrounding habitat matrix (Ewers & Didham 2006). Species losses from fragments can occur for 

generations following the initial fragmentation event i.e. species are subject to an óextinction debtô, 

which has been demonstrated for mammals, birds, amphibians, invertebrates, and plants (Tilman et 

al. 1994; Kuussaari et al. 2009; Wearn, Reuman & Ewers 2012; Halley, Sgardeli & Triantis 2014; 

Kitzes & Harte 2015). For example, a 30 year study of ground-foraging birds in eucalypt woodland 

(SW Australia) demonstrated that habitat loss that occurred >100 years prior to the study was still 

causing significant population declines. The population declines observed were primarily due to 

dispersal limitation between isolated populations, and altered biotic interactions including elevated 

nest predation (Ford et al. 2009). Extinction debts can be particularly prolonged for plants that have 

long generation times. For example, in a study of European woodland vascular plants species, an 

extinction debt was demonstrated for species inhabiting remnant fragments >100 years after habitat 

fragmentation, due to their slow rates of population turnover (Vellend et al. 2006). 

 

Deforestation and fragmentation of tropical forests is also predicted to cause extinction debts for 

many species: in a recent study of historical deforestation across the Amazon Basin, Congo Basin 

and S.E. Asia between 1950 and 2009, 1.1 % of tropical forest-specific vertebrate species were 

estimated to have gone extinct (Rosa et al. 2016). But when the time lags of speciesô responses to 

fragmentation are considered, even if tropical forest deforestation halted in 2010, the payment of 

extinction debts - predicted for 144 of 4,125 species studied - would increase the number of known 

extinctions of tropical forest-specific mammals, birds and amphibians since 1900 by 120 %. Over 

50 % of these predicted extinction debts are for vertebrate species within the Amazon Basin (Rosa 

et al. 2016). 
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1.3.4 Edge-effects 

The isolation of remnant habitat fragments within a different habitat matrix causes changes to the 

abiotic and biotic conditions at the boundary of the fragment and the matrix, known as edge-effects 

(Murcia 1995). Edge-effects are various and in tropical forest ecosystems can include higher 

irradiance levels, desiccation and wind disturbance, which can extend to varying degrees into 

fragment cores (Laurance & Curran 2008; Briant, Gond & Laurance 2010). Furthermore, fires 

spawned from the surrounding habitat matrix are a pervasive threat to fragment edges, and can 

penetrate into fragments cores. Even remaining intact forest and large forest fragments are subject 

to fires penetrating up to 2.5 km into forest interiors (Nepstad et al. 1999; Cochrane & Laurance 

2002; Barlow & Peres 2008). 

 

1.3.5 Impacts of fragmentation on tropical forest dynamics and composition 

Much of our understanding of the impacts of fragmentation on tropical forests comes from long-

term experimentally fragmented systems such as the Biological Dynamics of Forest Fragments 

Project (BDFFP, Brazil; Bierregaard et al. 1992; Laurance et al. 2011). Extensive research has also 

been conducted in the Atlantic Forest, Brazil, an area which has undergone significant land-use 

conversion, fragmentation, and forest regrowth (see e.g. Tabarelli, Mantovani & Peres 1999; 

Tabarelli, Lopes & Peres 2008; Santos et al. 2008; Lôbo et al. 2011; Collins et al. 2016). Across 

these systems, fragmentation of tropical forest leads to increased mortality and turnover of trees, 

particularly in edge-dominated fragments, with rapid changes in tree community composition 

(Laurance et al. 2006a; b; Lôbo et al. 2011; Haddad et al. 2015).  

 

Mortality of shade-tolerant trees at fragment edges opens gaps in the canopy, and fast-growing 

pioneer species able to exploit these high-light conditions tend to increase in abundance. For 

example pioneer tree species have been found to be relatively uncommon in continuous forests in 

Amazonia, yet following forest fragmentation and the creation of the BDFFP, pioneer trees species 

tripled in abundance, with sustained population increase over time (Laurance et al. 2006b). In the 

Atlantic Forest, pioneer tree species have been found to contribute >60 % of individuals in both the 
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adult and sapling layers in fragments, leading to a long-term shift towards tree communities more 

representative of early-successional forest stands (Santos et al. 2008; Santo-Silva et al. 2016). 

Lianas (woody vines) are also ubiquitous in forest fragment edges and degraded forest stands, and 

the recruitment of lianas following fragmentation can increase >500 % (DeWalt, Schnitzer & 

Denslow 2000; Schnitzer & Bongers 2002; Benítez-Malvido & Martínez-Ramos 2003). Lianas 

compete with trees for above- and below-ground resources at all life stages (Alvarez-Cansino et al. 

2015; Wright et al. 2015). Lianas can therefore further increase tree mortality in forest fragments, 

through both competition and structural damage (Ingwell et al. 2010). Furthermore, lianas can 

supress tree recruitment in canopy gaps, effectively stalling the successional process of forest stand 

development following disturbance, leading to long-term loss of forest biomass (Schnitzer, Dalling 

& Carson 2000; Schnitzer & Carson 2010). 

 

Shifts in the presence and abundance of species in fragments can therefore fundamentally alter the 

forest community structure of remnant forest fragments (Laurance et al. 2011). Compositional 

shifts may lead to a breakdown in ecosystem functioning, including carbon storage, of remnant 

forest (Magnago et al. 2016). The amount of carbon a tree can store depends on its wood density, 

which is intrinsically linked to life-history trade-offs: fast-growing pioneer species tend to have 

lower wood density than slow-growing shade-tolerant species (Muller-Landau 2004; Chave et al. 

2009; Visser et al. 2016). Thus in disturbed environments, such as fragment edges, community-

level carbon storage can be reduced because fast-growing pioneer tree species and lianas have a 

competitive advantage over slow-growing high wood density species (Benítez-Malvido & 

Martínez-Ramos 2003; Laurance et al. 2006a; Magnago et al. 2016). For their biomass, lianas have 

a disproportionate influence on tree communities, and through competition and suppression of tree 

recruitment, liana proliferation can lead to further loss of ecosystem functioning and carbon storage 

capacity in forest fragments (Tobin et al. 2012; van der Heijden, Powers & Schnitzer 2015; Wright 

et al. 2015). 
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1.3.6 Carbon emissions as a result of tropical forest fragmentation 

The deforestation and fragmentation of tropical forests and associated degradation of remaining 

forest leads to significant carbon emissions. Emissions associated with the creation of fragment 

edges can be in the region of 12-15 Mg C for every 100 m of forest edge created, and reductions in 

carbon storage capacity can extend up to 1.5 km into fragment cores due to biomass loss, leading to 

emissions 47 % higher than for deforestation alone (Nascimento & Laurance 2004; Asner et al. 

2010; Chaplin-Kramer et al. 2015). Time lags in species loss from fragments i.e. extinction debts, 

and subsequent alterations in biotic and abiotic conditions, may also lead to an óecosystem function 

debt,ô whereby changes in carbon storage capacity, for example, are delayed following habitat 

fragmentation. In experimentally fragmented systems including the BDFFP and The Wog Wog 

Fragmentation Experiment (Eucalypt forest; Australia), the loss of ecosystem functioning in 

fragments amounted to a 30 % reduction one year post-fragmentation, and after 10 years, small 

fragments showed a reduction in ecosystem functioning of 80 % (Haddad et al. 2015). Moreover, 

the time lag in carbon emissions from biomass loss from 1950-2009 has been predicted to result in 

a carbon emission debt of ~9 Pg C, the equivalent of 50-10 years of deforestation (Rosa et al. 

2016). 

 

1.3.7 Synergies determining fragmentation impacts 

Changing climatic patterns could interact with edge-effects to exacerbate the deleterious 

consequences of fragmentation on biological communities (Travis 2003; Ewers & Didham 2006). 

Impacts from a changing climate, such as increased frequency and duration of drought, will likely 

act in synergy with edge-effects, putting further pressure on fragmented forest communities and 

increasing carbon emissions. For example the 2005 drought in Amazonia led to tree mortality and a 

loss of forest biomass, resulting in a loss of 1.2-1.6 Pg C (Phillips et al. 2009). Even within intact 

Amazonian forest, it has been predicted that 20-33 % of tree species will be extirpated under 

current scenarios of forest loss and climate change, with species that are already less able to cope 

with habitat fragmentation e.g. range-restricted habitat specialists being most threatened (Henle et 

al. 2004; Hubbell et al. 2008). 



13 

 

Other synergies arise from interactions between fragment area and edge-effects, and from the type 

and quality of the surrounding habitat matrix (Ewers & Didham 2006; Kupfer et al. 2006; Ewers, 

Thorpe & Didham 2007). A relatively benign matrix of similar habitat type, such as with the 

BDFFP system where forest fragments are surrounded by abandoned pasture and secondary forest 

regrowth, presents the best case scenario for fragmentation. Although even in this instance the 

impacts of fragmentation on remnant communities are severe, with the proliferation of pioneer tree 

species and lianas causing a non-random shift in tree communities at fragment edges away from 

those in fragment interiors (Laurance et al. 2006b, 2011). In contrast, fragments surrounded by a 

wholly different matrix, such as water, is the worst case scenario in terms of fragmentation effects: 

land-bridge islands created by inundation following the construction of dams results in such a 

landscape (Ewers & Didham 2006). 

 

1.4 DAMS AS AN EMERGING DRIVER OF HABITAT LOSS AND FRAGMENTATION 

Dams are an emerging driver of habitat loss and fragmentation, and globally over half of all large 

river systems, eight of which are the most biogeographically diverse, have been dammed (Nilsson 

et al. 2005). Following river impoundment, vast areas of terrestrial habitat can be inundated, for 

example following the construction of the Tucuruí dam in Brazil, ~2430 km2 of land was flooded 

(Fearnside 2001). Dam-induced inundation can also cause extensive fragmentation of terrestrial 

habitats, creating archipelagos of former hilltops within reservoirs (Fig. 1.1). Such newly-formed 

reservoir islands are true land-bridge islands, as they have been created simultaneously from 

previously continuous habitat. The Balbina hydroelectric mega-dam in the Brazilian Amazon 

created >3500 land-bridge islands following the flooding of ~2360 km2 of continuous old-growth 

tropical forest habitat (Fearnside 1989; Benchimol & Peres 2015a). These islands are surrounded 

by a water matrix, which provides no buffer to edge-effects that even a low-quality a terrestrial 

habitat matrix can provide. Thus, the impacts of habitat fragmentation on remnant biological 

communities are severe, and species loss from fragments in a land-water matrix is at a greater 

magnitude than from fragments within a terrestrial matrix (Ewers & Didham 2006). A study in 

Panama that explicitly compared bat communities in fragments embedded within a terrestrial 
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ócountrysideô matrix and those embedded within water, found striking differences in species 

richness, evenness and composition between the two landscapes: species richness on islands 

declined with island isolation distance, and the rate of species loss was higher on islands compared 

to fragments within the ócountrysideô matrix (Mendenhall et al. 2014). Furthermore, islands were 

more unstable in terms of species evenness, and community compositions were significantly 

different between the two landscape systems (Mendenhall et al. 2014). 

 

 

Fig. 1.1: Reservoir land-bridge islands. Island archipelagos are created from former 

hill-tops when terrestrial habitat is flooded after dam construction. For example, 

>3500 reservoir land-bridge islands were created when the Balbina hydroelectric 

reservoir (Brazil) flooded ~2360km2 of continuous old-growth forest of central 

Amazonia in 1986. [Photo: E.M. Venticinque]. 

 

The impacts of dam creation on remnant biological communities on islands can be extreme, and 

can occur over short time-scales. In Thailand, islands within the Chiew Larn reservoir experienced 

near total extinction of small mammals within 26 years of island isolation, with 50 % of species 

locally extinct in <14 years (Gibson et al. 2013). In Lago Guri (Venezuela) local extinctions of top 

predators caused a trophic cascade, severely impacting tree regeneration because of increased 

herbivory (Terborgh et al. 2001, 2006). In Balbina (Brazil) a recent study highlighted the 

vulnerability of remnant tree communities to area- and edge-effects, including a severe fire, which 
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have led to increased dominance of pioneer tree species at the expense of old-growth shade-tolerant 

species in <30 years of island isolation (Benchimol & Peres 2015a). 

  

Indirectly, the construction of dams can also cause extensive additional forest loss due to human 

migration following the construction of access roads, and the initial phase of construction when 

labour is no longer required. Following dam construction, the inflated rural population increasingly 

relies upon forest resource extraction for subsistence, leading to logging and bush meat hunting, as 

well as the establishment of small-scale farming. Practices that lead to the degradation of remaining 

forest surrounding dams add to the ecological footprint of dam construction (Peres & Lake 2003; 

Fearnside 2008; Peres et al. 2010). For example, the 2016 completion of the Belo Monte dam in 

Brazil is predicted to trigger an additional 4000-5000 km2 of forest loss by 2030, above the ~1500 

km2 of forest loss that will occur from reservoir creation itself (Barreto et al. 2011). 

 

Other ecological impacts following river impoundment include loss of connectivity between the 

upper and lower reaches of rivers, with catastrophic impacts for migratory fish species and species 

reliant on seasonal flood pulses (Agostinho, Pelicice & Gomes 2008; Lees et al. 2016). Dams have 

been shown to cause significant reductions in the abundance, biomass, species richness, diversity 

and dominance in fish communities as river channels are changed from lentic to lotic habitats (Sá-

Oliveira et al. 2015). Such changes have concurrent social impacts such as disruption to 

downstream fisheries, which can provide a vital source of protein to subsistence rural communities 

(Fearnside 1999). Perhaps the biggest social impact of dams is the loss of indigenous lands and the 

displacement of people who have no rights to compensation due to lack of land titles. One of the 

most controversial examples of the social and ecological impacts of dam construction is the Belo 

Monte dam (Brazil), where human rights and environmental impact have clashed with political 

power and corporate investment for decades (Fearnside 2006). An estimated 19,000 people have 

been forcibly removed and indigenous lands taken, to enable the construction of the ~$17 billion 

dollar project; the energy produced from Belo Monte will power iron ore and aluminium smelters 

owned by shareholders, and emissions from the dam are predicted to be four times the emissions of 

an equivalent-sized fossil-fuel thermal power plant (Fearnside 2006; International Rivers 2012). 
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1.4.1 Increasing global development of dams 

As the global population increases so does energy demand, and global energy consumption is 

predicted to increase 56 % by 2040. Developing countries with emerging economies are predicted 

to increase energy consumption by 90 % during this period (EIA 2013). To meet energy demands, 

developing countries increasingly seek cheap and reliable energy generation sources, and 

hydropower is a logical option for tropical nations, considering the high precipitation and numerous 

rivers (Finer & Jenkins 2012). Furthermore, because hydropower is a renewable energy source, 

funding for hydropower projects can be garnered from international climate change mitigation 

funds and strategies, such as the Clean Development Mechanism and the World Bank (Haya, 

McCully & Pearson 2002). As of 2016 there are >58,000 large dams (dam height >15 m) in 

operation globally, which provide water predominantly for agriculture and hydropower generation 

(ICOLD 2016). The global demand for water is set to increase over the coming decades due to the 

increasing frequency of severe droughts. However, low water levels reduce hydropower outputs, 

increasing the need for energy generated from other power sources, including from fossil-fuel-

powered thermal energy plants (Oki & Kanae 2006; Prado et al. 2016). In 2013 reservoir levels in 

Brazil reached their lowest levels since 2001 for example, necessitating an increase in thermal 

power generation. Furthermore, droughts are predicted to reduce any future hydropower production 

in Amazonia by 36 % (Prado et al. 2016). 

 

While the production of energy using hydropower is in principle an excellent option for providing 

relatively cheap and reliable energy to growing populations, the reality is that most energy 

produced from hydropower in countries with emerging economies is not consumed by people, but 

by the extractive industry: for example, a single aluminium smelting plant in S.E. Brazil can use 

more power than the ~1.2 million population of Belém (Fearnside 1999). The decision to construct 

dams is heavily embroiled in large financial investment and political will, yet dams provide few 

long-term social benefits. For example employment opportunities tend to be limited, as few people 

are employed once dam construction is complete, and goods produced using power from dams are 

exported as a raw material, rather than providing employment in-country from production of high-

value goods for the international market (Fearnside 2016a; Prado et al. 2016). 
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1.4.2 Carbon emissions associated with tropical dams 

Emissions of CO2 and CH4 from tropical reservoirs begin at the construction phase (involving 

carbon emissions from cement production and vehicles for example) can persist for many years 

after inundation, and potentially over the entire lifetime of the dam (Table 1.1; Abril et al. 2005; 

Gibson, Wilman & Laurance, 2017). Dams constructed in topographically rugged areas with high 

rainfall are the most efficient in terms of the energy produced per unit area flooded (Finer & 

Jenkins 2012). However, of the 1096 GW installed energy generation capacity of dams globally in 

2016, the energy generated for that year amounted to just 4.1 PWh (Gibson, Wilman & Laurance, 

2017). When dams are constructed in areas of relatively shallow topography, such as the Amazon 

Basin, large areas of land must be flooded to provide enough water to power turbines (Fearnside 

1989). Indeed, 10 million hectares of Amazonian forest is estimated to become flooded by 

hydropower expansion, leading to the direct loss of tropical forests and associated carbon stocks 

(Fearnside, 2006).  

 

Tropical forests are rarely logged prior to inundation due to logistical and time constraints (Gilani 

& Innes 2017) and thus, all plant biomass is submerged. The decomposition of dead biomass below 

water level, combined with high levels of dissolved organic carbon entering reservoirs from 

tributaries, leads to significant emissions of CO2 and CH4 from reservoir surfaces, and as anoxic 

water layers are drawn through turbines and down spillways (Abril et al., 2013). Seasonal exposure 

of the reservoir bottom during periods of low rainfall also results in a cyclical pulse of emissions 

from exposure of high-carbon tropical soils to the air, followed by rapid vegetation regrowth on 

exposed soil, re-submergence of vegetation and its subsequent decomposition (Fearnside 2002a; 

Demarty & Bastien 2011). Emissions are far larger from tropical reservoirs compared to those in 

more temperate climates due to high carbon stocks in soil and vegetation, and higher water 

temperatures increasing gaseous emissions from reservoirs (St. Louis et al. 2013). Annual 

emissions from the Tucuruí dam (Brazil) have been estimated to be more than the annual emissions 

generated by the population of São Paulo burning fossil fuels (Fearnside 2002a). Field-based 

quantification of carbon emissions from dams in Amazonia has shown that carbon emissions from 

decomposing submerged biomass and soil are the largest contributors to reservoir carbon 
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emissions, with Petit Saut (French Guiana) emitting 22 % of the flooded carbon stocks over 10 

years (Abril et al. 2005), and emissions from Tucuruí (Brazil) estimated at >28 Mg C year -1 

(Kemenes, Forsberg & Melack 2007). Carbon emissions from the Balbina dam (Brazil) exceed 

those of a thermal power plant that would generate the same amount of energy (Rosa et al. 2004). 

However there have been recent calls for more comprehensive quantification of carbon exchange 

from tropical reservoirs in general, to gain insight into whole-system carbon flux (Demarty & 

Bastien 2011; Gibson, Wilman & Laurance 2017). Accurate quantification of such carbon fluxes in 

hydroelectric systems is especially needed, as current policy to mitigate climate change via 

emission reductions favours sources of renewable energy such as hydropower. Yet, global 

emissions from hydroelectric reservoirs across all major habitat types have been estimated to range 

from 136-635 Tg for CH4 and 176-301 Tg for CO2 (Fearnside 2013; Deemer et al. 2016; Scherer & 

Pfister 2016; Winemiller et al. 2016).  

 

1.4.3 Impact assessments and additional sources of carbon loss from tropical dams 

Given the wealth of documented impacts of dams, there is a lack of appropriate environmental 

impact assessment prior to project approval; where impact assessments have been conducted, they 

are often inadequate in mega-diverse regions such as the Amazon basin, and regularly ignored in 

favour of political and financial gains (Peres 2005; Peres et al. 2010; Ritter et al. 2017). While 

some environmental mitigation measures, such as the development of protected areas surrounding 

dams, are suggested in ñbest practice guidelinesò for dam developers (International Energy Agency 

2006), there is no consensus or signatory international agreement on how to forecast, prevent, or 

mitigate the detrimental impacts of large dams (Kareiva 2012; Prado et al. 2016; Winemiller et al. 

2016). Furthermore, when island archipelagos are created, their cumulative area is not included in 

impact assessments. Given the impact of habitat fragmentation on remnant terrestrial habitat and 

species, particularly when remnant habitat fragments are surrounding by water, the area of 

reservoir islands should be accounted for in any impact assessments of future dams. At present, 

reservoir islands are hailed as ówildlife refugesô by dam developers, when in reality, local 

extinctions of taxa on islands are widely reported, and rescue efforts to save wildlife as reservoirs 

are filled are ineffective and result in significant mortality of rescued wildlife (Terborgh et al. 
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2001; Nakhasathien 2009; Gibson et al. 2013; Benchimol & Peres 2015b; Aurélio-Silva et al. 

2016).  

 

Current models of carbon emissions from dams do not consider long-term degradation of remnant 

tree communities on islands, nor do they include additional forest loss and degradation associated 

with dam construction. For example, on the Tapajos River and its tributaries, deforestation is 

predicted to increase by approximately 1 million ha by 2030 due to the construction of roads and 

powerlines, and the influx of people able to access forest resources (Barreto 2014). Even with these 

potential long-term sources of carbon emissions omitted from models, six out of 18 dams planned 

for construction in Amazonia have been predicted to have emissions comparable to thermal power 

plants, and higher emissions compared to solar or wind projects (de Faria et al. 2015). Models also 

predict that the 18 dams would lead to average total emissions of 9 to 21 Tg CH4 and 21-310 Tg 

CO2 over a hundred years (de Faria et al. 2015). A further source of carbon emissions associated 

with dam construction comes from dam developers themselves, encouraging deforestation of land 

surrounding reservoirs and tributary rivers to increase river flow. The irony in this practice is 

astounding considering the green energy credentials of hydropower (Haya et al. 2002; Fearnside 

2013), and the fact that intact forests increase rainfall and river flow upon which hydropower 

generation relies. Using predicted levels of deforestation within the Amazon basin and rainfall 

models of the Xingu River basin (the location for the Belo Monte dam complex), deforestation was 

found to inhibit rainfall and decrease river discharge by 6-36 %, reducing projected power output 

of the Belo Monte dam by 75 % (Stickler et al. 2013).  

 

Tropical forest fragmentation leads to loss of tree biomass and carbon emissions (Asner et al. 2010; 

Chaplin-Kramer et al. 2015). Thus the inclusion of forest degradation on reservoir islands in impact 

assessments is needed for better carbon accounting of dams, as loss of tree biomass on islands will 

doubtless lead to significant carbon emissions, on top of those already associated with tropical 

reservoirs (Fearnside & Pueyo 2012; Benchimol & Peres 2015a). Studies have shown that tropical 

tree communities isolated on reservoir land-bridge islands undergo rapid degradation, including 

loss of biomass, species richness, and alterations in community composition (Leigh et al. 1993; 
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Terborgh et al. 2001; Yu et al. 2012; Benchimol & Peres 2015a). If we consider the Balbina 

hydropower reservoir, 118,000 ha of formerly continuous forest now forms an archipelago of 3545 

islands, and only 2% of this total island area is predicted to provide suitable habitat to support  >75 

% of the original vertebrate community (Benchimol & Peres 2015b). Assuming that depauperate 

vertebrate communities are indicative of forest degradation, carbon emissions due to forest 

degradation could therefore be in the region of 0.1 Pg CO2 per year from islands. In addition, the 

8992 km of island edge may also be a significant source of emissions (Nascimento & Laurance, 

2004; Table 1.1). We have little understanding of how tree communities recruited on islands post-

isolation correspond to remnant adult tree communities, and whether there is evidence for a shift 

from remnant tree communities towards future communities representative of early successional 

tree communities, with lower carbon storage capacity (Tabarelli et al. 2008; Lôbo et al. 2011). 

 



21 

 

Table 1.1: Potential additional sources of CO2 emissions from dam construction and operation, and relative magnitudes of emissions 

 Geographic 

Area/ Case 

study 

Main source of 

C flux 

Emissions of CO2 

and/or CO2 

equivalent 

Details and significance 

Dam construction 

 Three Gorges 

Dam, China 

Cement 

production 

36.59 Pg Approximately 900kg CO2 is produced per 1000kg cement (Mahasenan, Smith & 

Humphreys, 2003). The Three Gorges dam, China, used approximately 27 million m3 

ƻŦ ŎŜƳŜƴǘΣ ǊŜǉǳƛǊƛƴƎ ϤплΣсрпΣуслΣлпо ƪƎ ŎŜƳŜƴǘ ό9Ƴōŀǎǎȅ ƻŦ ǘƘŜ tŜƻǇƭŜΩǎ wŜǇǳōƭƛŎ 

of China in the Unisted staes of America; undated). The total amount of CO2 emitted 

from cement from the Three Gorges Dam can therefore be estimated at 36.59 Pg. 

 Itaipu Transportation 

of materials 

Unknown The CO2 emissions of trucks throughout the construction phase of dams could be 

significant. For example, the Itaipu dam in Brazil took 18 years to complete. 

Dam operation 

 Reservoirs 

globally & 

Amazonia 

Emissions from 

reservoir 

surface, 

including 

bubbling 

2.5 x10-7 Pg ha-1 

year -1 

773.1 Tg CO2 equivalent per year is estimated to be emitted from 0.31 x106 km2 of 

reservoir surfaces globally (Deemer et al., 2006), and thus, approximately 2.5 x10-6 

Tg per km2 which equates to 2.5-7 Pg CO2 per ha of reservoir surface area. 10 million 

ha of forest will be flooded by proposed dam construction in Amazonia (Fearnside, 

2006), which may therefore result in annual emissions of 2.5 Pg CO2 per year from 

Amazonian reservoir surfaces and bubbling. 

 Reservoirs in 

Amazonia 

Wood 

decomposition 

(flooded wood) 

140-227 Pg ha-1 

year -1 of flooded 

forest  

Over a 100 year period, an estimated 140-227 Pg CO2 equivalent is emitted per km2 

Amazonian forest flooded (Abril et al., 2013), equating to approximately 1.4-2.3 Pg 

per year per km2, (converting to 140-227 ha-1 per year). In Amazonia, 10 million 

hectares of forests are expected to be inundated by dam development (Fearnside 

2006). Using estimates for carbon emissions from flooded forest, this may give rise 

to annual emissions of between 14 ς 22.7 Pt CO2 from flooded Amazonian forests. 
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 Balbina, 

Brazil 

Seasonal 

exposure of 

reservoir 

bottom 

0.002 Pg year-1 

(total exposed 

reservoir bottom; 

unknown area) 

97,000 tonnes of methane have been estimated to be released annually from the 

seasonal exposure of the reservoir bottom in the Balbina dam (Demarty & Bastien, 

2011). This equates to the CO2 equivalent of 2,425,000 tonnes i.e. 0.002 Pg CO2 

equivalent year-1 

Collateral  

 Tropical and 

sub-tropical 

forests 

Degradation of 

remnant forest 

(per hectare, 

per year) 

9.36 x10-10 Pg ha-1 

year -1 

Over the estimated 2.2 billion hectares of tropical and subtropical forest which is 

degraded from fire and resource extraction, 2.06 Pg of CO2 is emitted per year 

(Pearson et al., 2017), which converts to emissions of approximately 9.36 x10-10 CO2
 

ha-1 year -1. Considering Balbina has a total of 3546 islands of a combined area of 

118,000 ha, and only 2 % of this island area (2360 ha) can harbour over 75% of 

species (i.e. appear to be least degraded), this means that ~115,640 ha of forest 

islands is degraded. Using the estimated C emissions from degraded tropical forest, 

emissions from degraded forest islands could be in the region of 0.0001 Pg CO2 per 

year. 

 Tropical 

forests 

Forest edge 

creation 

12-15 x10-8 Pg 

100m-1 

Considering that the negative effects of forest edge creation on biomass and carbon 

storage can extend <1500m into forests away from forest edges, a cumulative 

emission of 12-15 Mg C 100m-2 has been estimated (Nascimento & Laurance, 2004). 

The creation of 3546 reservoir islands in Balbina has created 8992 km of island edge, 

which therefore may lead to emissions in the region of 0.001 Pg CO2 (this estimate 

does not include the mainland edge, which would further increase emissions 

estimates). 

 Belo Monte, 

Brazil 

Deforestation 

surrounding 

reservoirs 

1.5 x10-9 Pg 

carbon ha-1 year -1 

Deforestation surrounding the Belo Monte dam is predicted to reach 4000-5000 km2 

by 2030 (Barreto et al., 2011). Across 1949 million ha of tropical forests, 2.9 Pg 

carbon is lost from deforestation per year (Pan et al., 2011).  
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1.5 THESIS AIMS 

In this thesis I aim to assess the impacts of landscape-scale habitat fragmentation induced by mega-

dams on local biodiversity carbon storage, and assess the potential of regenerating secondary 

forests to uptake carbon and mitigate carbon losses from deforestation. 

 

Chapter 2: Is there a globally-applicable pattern in species responses to isolation on reservoir 

land-bridge islands? 

Within Chapter 2 I present the findings of a global analysis of the impacts of reservoir creation on 

different taxonomic groups isolated on reservoir land-bridge islands, investigating patterns of 

species richness change on islands compared to nearby mainland continuous habitat. I discuss the 

relative importance of island area, isolation distance, and isolation time in governing rates of 

species loss from islands in the context of Island Biogeography Theory and extinction debt. 

 

Chapter 3: What is the long-term impact of dam-induced fragmentation on tree communities? 

Understanding the processes that govern responses of tree communities to fragmentation in the 

long-term will allow us to better predict the long-term carbon balance of tropical mega-dams. In 

Chapter 3, I examine the relationship between adult and sapling trees on islands within the Balbina 

hydroelectric mega-dam, Brazil, and discuss findings in the context of long-term floristic change 

and carbon loss from insular forest communities. 

 

Chapter 4: How do liana communities respond to dam-induced fragmentation compared to trees? 

Given that lianas are well-adapted to fragmented and degraded forest habitats, and play a 

disproportionate role in driving tree community dynamics, in Chapter 4 I present analyses relating 

to adult and sapling lianas and their community composition across the Balbina archipelagic 

landscape. I discuss differences in the responses of lianas and trees to landscape-scale 

fragmentation, with a particular focus on the additional role lianas may play in shaping future 

insular tree communities and carbon storage on reservoir islands. 

 



24 

 

Chapter 5: What contribution can soil and necromass carbon stocks make to broad-scale 

predictive models of secondary forest carbon uptake? 

In Chapter 5 I present a study of soil and necromass carbon stocks across a chronosequence of 

secondary forest plots, ranging from 40 to 120 years, within the Barro Colorado Nature Monument 

(BCNM) Panama. Findings are discussed in terms of the importance of including detailed plot-

level soil nutrient information in future predictive models of secondary forest carbon uptake, and 

the relative contributions of soil and necromass carbon pools to total forest carbon stocks. 
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CHAPTER 2 

Extinction debt on reservoir 

land-bridge islands 

 

A version of this chapter has been published as: 

Jones, I.L., Bunnefeld, N., Jump, A.S., Peres, C.A., Dent, D.H. 2016. Extinction debt on 

reservoir land-bridge islands. Biological Conservation, 199, 75-83 

 

IJ and DD formulated the research idea. IJ collected the data and performed analyses with advice 

from NB. All authors commented on draft versions of this manuscript, and the published version 

formatted for the thesis is presented here. 

 

2.1 ABSTRACT 

Large dams cause extensive inundation of habitats, with remaining terrestrial habitat confined to 

highly fragmented archipelagos of land-bridge islands comprised of former hilltops. Isolation of 

biological communities on reservoir islands induces local extinctions and degradation of remnant 

communities. ñGood practiceò dam development guidelines propose using reservoir islands for 

species conservation, mitigating some of the detrimental impacts associated with flooding 
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terrestrial habitats. The degree of species retention on islands in the long-term, and hence, whether 

they are effective for conservation is currently unknown. Here, we quantitatively review speciesô 

responses to isolation on reservoir islands. We specifically investigate island species richness in 

comparison with neighbouring continuous habitat, and relationships between island species 

richness and island area, isolation time, and distance to mainland and to other islands. Speciesô 

responses to isolation on reservoir islands have been investigated in only 15 of the >58 000 large-

dam reservoirs (dam height >15 m) operating globally. Research predominantly originates from 

wet tropical forest habitats and focuses on mammals, with species richness being the most widely-

reported ecological metric. Terrestrial taxa are, overall, negatively impacted by isolation on 

reservoir islands. Reservoir island species richness declines with isolation time, and although the 

rate of loss is slower on larger islands, all islands exhibit depauperate species richness <100 years 

after isolation, compared to continuous mainland habitats. Such a pattern of sustained and delayed 

species loss following large-scale habitat disturbance is indicative of an extinction debt existing for 

reservoir island species: this pattern is evident across all taxonomic groups and dams studied. Thus, 

reservoir islands cannot reliably be used for species conservation as part of impact mitigation 

measures, and should instead be included in area calculations for land impacted by dam creation. 

Environmental licensing assessments as a precondition for future dam development should 

explicitly consider the long-term fate of island communities when assessing biodiversity loss vs 

energy output. 

 

2.2 INTRODUCTION 

There are 58 402 large dams (dam height >15 m) operating globally, constructed predominantly for 

irrigation and hydropower generation (ICOLD 2016). A growing human population is predicted to 

increase the demand for water by 2-3 % per year, and the demand for energy by >56 % globally 

between 2010-2040. Energy demand is estimated to rise by 90 % in increasingly industrialised 

countries with emerging economies over the same period (WCD 2000; EIA 2013). Concurrently, 

changing climatic and precipitation patterns, including severe droughts, will likely further increase 

demand for water and reduce hydropower generation from large reservoirs (Oki & Kanae 2006). 
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Hydropower is regarded as a renewable ñgreenò energy source, and dams constructed in areas with 

steep topography and high rainfall produce the most energy per unit area (Finer & Jenkins 2012). 

However dams are often constructed in low-lying areas with high conservation value: for example 

154 dams operate in the Amazon basin with a further 277 planned (Castello et al. 2013; Lees et al. 

2016). The construction of dams directly impacts both terrestrial and freshwater ecosystems 

through inundation of habitat, compositional changes in biological communities, and the loss of 

structural and functional connectivity between upper and lower reaches of watersheds (Nilsson et 

al. 2005; Finer et al. 2008; Palmeirim, Peres & Rosas 2014; Sá-Oliveira et al. 2015; Lees et al. 

2016).  

 

Over 50 % of the worldôs large river systems and >60 % of the combined habitat area of tropical, 

subtropical and boreal forests, tropical and subtropical grasslands, savannahs and shrublands have 

been estimated to be impacted by dams (Nilsson et al. 2005). Inundation of terrestrial habitats, and 

tropical forests in particular, can result in significant carbon emissions from reservoirs in the form 

of CO2 and CH4, which can persist for many years after inundation and often over the lifetime of 

the reservoir (Fearnside 2002a; Abril et al. 2005; Demarty & Bastien 2011; Fearnside & Pueyo 

2012). Direct social impacts arise from the loss of indigenous lands, displacement of communities, 

and disruption to local economies reliant on fisheries often concurrently affected by heavy metal 

accumulation (Fearnside 1999; Boudou et al. 2005). Additionally, increased access to previously 

undisturbed habitat can elevate levels of hunting and deforestation in areas surrounding reservoirs 

(Peres & Lake 2003; Kirby et al. 2006).  

 

When dams are built, habitat is lost through inundation, with remnants of previously continuous 

terrestrial habitat confined to highly fragmented land-bridge island archipelagos comprised of 

former hilltops. ñGood practiceò guidelines (International Energy Agency 2006) for dam 

developers to mitigate ecological impacts from dam construction, include implementing protected 

areas covering land-bridge islands and habitat surrounding reservoirs. For example, the REBIO 

Uatumã (the largest Biological Reserve in Brazil) encompasses approximately half of the Balbina 

hydroelectric reservoir, including all islands east of the former left bank of the Uatumã river and 
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mainland areas extending away from the eastern edge of the reservoir. Strictly-protected area status 

has largely deterred small-scale slash-and-burn agriculture and extraction of resources within the 

REBIO Uatumã, on both islands and within surrounding continuous forest (Benchimol & Peres 

2015b; c). However, we do not know whether protecting reservoir islands is effective for 

biodiversity conservation, due to a lack of long-term monitoring. The International Energy Agency 

highlights the dearth of systematic evaluation of any mitigation, enhancement, and compensation 

measures currently being recommended to large dam developers (International Energy Agency 

2000; Trussart et al. 2002). 

 

Fragmentation of habitat causes a number of impacts to species, such as population reductions and 

local extinctions; the strength of fragmentation impacts differ depending on the taxonomic group 

and life-history traits of species (Turner 1996; Bender, Contreras & Fahrig 1998; Forman & 

Alexander 1998; Fahrig 2003). Previous studies of reservoir island archipelagos have shown that 

island taxa typically experience a novel hyper-disturbance regime, resulting in drastic shifts in 

species diversity and community composition through species turnover, and altered carrying 

capacity of the remaining habitat (Cosson et al. 1999b; Hanski & Ovaskainen 2000; Terborgh et al. 

2001; Ferreira et al. 2012; Benchimol & Peres 2015a). Local species extinctions on reservoir 

islands have been observed for plants (Yu et al. 2012; Benchimol & Peres 2015a), invertebrates 

(Feer & Hingrat 2005; Emer, Venticinque & Fonseca 2013), birds (Yu et al. 2012), bats (Cosson, 

Pons & Masson 1999a), small-mammals (Lambert et al. 2003; Gibson et al. 2013), and midsized to 

large-bodied vertebrates (Benchimol & Peres 2015b; c). Populations of some species can become 

hyper-abundant on islands, and invasive species can establish, further impacting other taxa 

(Chauvet & Forget 2005; Feeley & Terborgh 2006; Lopez & Terborgh 2007; Gibson et al. 2013). 

 

Changes in island communities may not occur immediately after inundation; instead, species may 

be subject to an ñextinction debtò whereby a portion of species are initially lost, followed, 

potentially multiple generations later, by further species extinctions (Tilman et al. 1994; Kuussaari 

et al. 2009; Halley et al. 2014; Kitzes & Harte 2015). Thus, the effects of fragmentation and 

isolation can persist for years after initial habitat loss, as communities undergo ñrelaxationò 
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towards a new equilibrium community (Diamond 1972, 2001; Terborgh et al. 1997; Ewers & 

Didham 2006; Feeley et al. 2007; Wang et al. 2009). The ñrelaxationò process is likely mediated 

by island area, with species losses faster on smaller islands, and a greater time-lag for species loss 

on larger islands (Diamond 1972; Gonzalez 2000). There are a number of empirical methods for 

calculating extinction debt (Wearn et al. 2012; Kitzes & Harte 2015), and here we consider a 

decline in species richness on islands over time, compared to mainland continuous habitat, as 

evidence of extinction debt. In the absence of extinction debt, we assume that all species 

extinctions would happen immediately, with no evidence of further degradation of insular 

biological communities through time (Kitzes & Harte 2015). 

 

In the long-term it is unknown how reservoir island communities will continue change with 

increasing isolation time, as the creation of artificial archipelagos from dam construction has only 

occurred over the past century. Our present knowledge of ecological communities within artificial 

archipelagos comes from multiple snapshot studies from different countries, dams, habitats and 

taxa, at different time points since the originally continuous habitat was fragmented. Bringing these 

snapshots together enables identification of general trends across disparate studies, aiding 

development of policy-relevant recommendations in terms of the conservation value of reservoir 

islands.  

 

Here, we quantitatively review peer-reviewed research detailing responses of terrestrial taxa to 

habitat fragmentation and subsequent isolation on reservoir land-bridge islands. We then analyse 

species richness data from 249 islands and adjacent continuous habitats through time. In particular, 

we ask: (1) is there evidence of an extinction debt existing for reservoir island species; i.e. 

compared to continuous habitat, does island species richness decrease with increasing island 

isolation time? and (2) how does island size, distance to continuous habitat and distance to other 

islands relate to patterns of species richness and rates of species loss? 
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2.3 METHODS 

2.3.1 Literature summary 

Dataset collation 

We conducted a literature search using Web of Knowledge and Google Scholar search engines 

between January 2014 and June 2015 using the key words: hydropower or hydroelectric, reservoir 

or dam, island or land-bridge, and forest islands or fragments. Only full-text, peer-reviewed articles 

in English were retained; unpublished or grey literature was not included. Studies researching 

terrestrial species, guilds, taxonomic groups or communities on reservoir islands, attributing 

ecological responses observed to reservoir creation were retained. Experimental studies or those 

not explicitly stating an aspect of reservoir creation as a causal factor for the response observed 

were excluded. Studies which met the inclusion criteria were entered into a dataset (henceforth 

referred to as ñdataset studiesò). Literature cited in the dataset studies was also screened for 

inclusion, and searches for names of dams in dataset studies were performed. A total of 129 studies 

were assessed for inclusion in our study, 100 of which met the criteria to be retained. 

 

Data extraction 

Data such as the number of islands surveyed, island area, taxonomic groups investigated, and time 

since island isolation were extracted from studies (S2.1).  Each study was assigned a broad habitat 

type (wet tropical forest, tropical grassland e.g. cerrado, subtropical forest, Mediterranean forest, 

boreal forest). Taxa investigated were broadly grouped into mammals, birds, invertebrates, 

herptiles, plants, and fungi.  If multiple taxa were included within a study, data were extracted for 

each group separately due to the potential for different responses. The precise isolation time of 

islands is seldom reported, thus we estimated island isolation time as the year of dam closure minus 

the year of field data collection. In six studies field data collection dates were not reported, thus, 

data collection date was conservatively estimated as two years prior to publication date. 
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Assigning study response directions 

For each study the authorsô key results and conclusions were used to assign an overall response of 

the study taxa to isolation on islands (response: positive, negative, variable, or neutral; see S2.1). 

For example, a study reporting declining species richness on islands would be assigned an overall 

negative response. An overall positive response would be assigned if, for example, recorded 

sightings (e.g. presence/absence data) were higher on islands. Overall variable responses could 

result from research involving different species within the same taxon, e.g. two species of bat 

exhibiting divergent responses to isolation. Neutral responses would result if no differences or 

alterations in taxa on islands compared to mainland sites were reported.  If authors did not draw a 

conclusion as to the response directions observed, we examined the data reported and assigned a 

response direction accordingly. If multiple response directions for the same taxa were observed 

over time, the predominant response direction (i.e. over most years) was used as the overall 

direction. 

 

To account for within-study complexity i.e. inclusion of multiple taxonomic groups and/or 

ecological metrics, response directions were derived for each taxonomic group and ecological 

metric investigated (S2.1). Ecological metrics included species richness, population density, 

behaviour (e.g. foraging behaviour), community composition, presence/absence, fitness/recruitment 

(e.g. breeding output), genetic diversity, and functional diversity. 

 

2.3.2 Species richness analysis 

Estimates of species richness were the most widely-reported and accessible data available in the 

collated studies, and therefore we selected this ecological metric for in-depth analysis. 

 

Data collection 

Dataset studies presenting species richness data for islands and nearby continuous (control) habitat, 

as well as island areas and isolation time, were used to assess variation in species richness on 

reservoir islands compared to control habitat (S2.1). These data also allowed investigation of the 
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relationships between species richness and island area, isolation time, distance to mainland and 

distance to nearest island. Of the 100 dataset studies, 17 presented species richness data for islands 

(n = 249; size range <1-1690 ha; isolation time <1-92 years) and control sites (n = 84), and were 

used for the in-depth analysis of species richness data (S2.1). If data for the distance to mainland or 

nearest island were not presented, then if possible these data were calculated from satellite imagery 

using Google Earth Pro (Google 2015). Geographically, the 17 studies suitable for species richness 

analysis originated from nine dams, located on three continents in three broad habitat types (wet 

tropical forest, subtropical forest, and tropical grassland). 

 

Data analysis 

For each study the average species richness for control sites was calculated. The ratio of island 

species richness to average control species richness (SRICH) was then calculated for each site and 

used for analysis. If a study contained data over multiple years, and thus, multiple isolation times, 

then species richness for control sites over the same isolation time period was averaged. If a study 

had multiple species richness values for the same island size, taxon, and isolation time, species 

richness values were averaged to avoid pseudo-replication. 

 

To normalise data, all data were logged (natural logarithm) prior to analysis. SRICH values were 

modelled using linear mixed effects models (lmer using lme4; Bates et al., 2014), as a function of 

island isolation time (TISO), island area (AREA), distance to mainland (DMAIN ) and distance to 

nearest island (DISLAND) as fixed effects, with taxonomic group (TAXA ), dam identity (DAM ; a 

surrogate for location), and study (STUDY; to account for differing survey methods and survey 

intensity among studies) as random effects (Bunnefeld & Phillimore 2012). Interaction terms were 

included between AREA, TISO, DMAIN  and DISLAND, as well as between TAXA , DAM and STUDY; 

quadratic terms were also tested for.  

 

Due to missing values for DMAIN  and  DISLAND we reduced the dataset to only those data rows 

containing values for all variables being tested (n islands = 178) and used this dataset for linear 

regression and model selection in R (R Core Team 2016). Models were simplified following 
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stepwise deletion of non-significant terms i.e. those with a t-value <2 and models compared using 

Chi-square tests in ANOVA (Crawley 2005; Table S2.2). Following model simplification, the final 

model did not include variables with missing values, thus, the final model was fitted to the whole 

dataset (n islands = 249). The best linear unbiased predictors (BLUPs) for each dam were extracted 

using the óranefô function within the lme4 R package (Bates et al. 2014). Each dam has a different 

intercept, which can fall above or below that of the overall model: positive BLUPs indicate that the 

dam has higher than expected levels of species richness estimated from the fixed effects, and those 

falling below the model average indicate that species richness is lower than expected (S2.3). A 

variance components analysis was carried out for the random effects (Crawley 2005). 

 

 

 

Fig. 2.1: Geography of research detailing responses of terrestrial taxa to isolation on 

reservoir land-bridge islands. Dam names and the percentage of total dataset studies 

(n = 100) originating from each are presented. Broad habitat type is indicated by 

colour: dark green = wet tropical forest; light green = subtropical forest; yellow = 

tropical grassland (e.g. cerrado); cream = Mediterranean forest; blue = boreal forest. 
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2.4 RESULTS 

2.4.1 Literature summary 

The 100 dataset studies examined here were predominantly from Neotropical forest habitats (Fig. 

2.1; 2.2a). Mammals were the best-studied taxonomic group (Fig. 2.2b); responses of terrestrial 

taxa isolated on reservoir islands were most often expressed in terms of species richness and 

presence/absence, and rarely with regards to behaviour, genetic or functional diversity (Fig. 2.2c). 

An overall negative response of terrestrial taxa to dam creation was reported in >75% of studies, 

and these negative responses were seen across all habitat types, ecological metrics, and taxonomic 

groups investigated (Fig. 2.2a-c). Overall positive responses were confined to only two of the 100 

studies (Fig. 2.2a), of which one reported increased and more stable population densities of small 

mammals (Adler 1996), and the second, increased food resources for a raptor due to prey being 

ócaptiveô on isolated islands (Benchimol & Venticinque 2010). Studies report results for islands 

isolated from <1 to 92 years, with the mean island isolation age of ~33 years (Fig. 2.2d).  

 

2.4.2 Species richness analysis 

The final model for analysis of SRICH included TISO and AREA as fixed effects, and TAXA , DAM  and 

STUDY as random effects (Table 2.1); DMAIN  and DISLAND had no significant effect on SRICH, and no 

interaction terms were significant (S2.2). Of the random effects, 36% of variation was explained by 

STUDY, 17% explained by DAM , with 47% residual variance; TAXA  did not explain any variance. 

 

Table 2.1: Coefficient estimates for fixed effects in the most parsimonious model 

used for species richness analysis, with TAXA, DAM and STUDY as random effects; t-

values >2 were treated as significant. 

 

 
 Estimate Standard Error t-value 

Intercept -0.514 0.237 -2.168 

AREA 0.185 0.015 11.944 

TISO -0.244 0.067 -3.641 
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Fig. 2.2: Overview of research 

presented within dataset studies 

(n=100). 2a-c) present the 

proportion of total studies (black 

bars) for habitat type, ecological 

metric and taxonomic group 

investigated respectively; pie 

charts represent overall response 

directions (red = negative; blue = 

positive; green = neutral; yellow = 

variable). 2d) presents the 

distribution of studies through 

island isolation time (red dashed 

line represents mean island 

isolation time, ~33 years). 
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For all taxonomic groups and dams, species richness declined with island isolation time, but this 

effect was mediated by island size with larger islands retaining more species than smaller islands 

(Fig. 2.3). For example, predicted SRICH on the largest island (1690 ha, within the Balbina 

hydroelectric dam, Brazilian Amazon) is predicted to be 3.2 at the mean isolation time of islands in 

the analysis, compared to a predicted SRICH of 1.2 on the smallest island (0.17 ha, Cabra Corral, 

Argentina). In terms of island isolation time, even the largest island studied (1690 ha) exhibits 

reduced SRICH in <30 years of isolation, and Barro Colorado Island (~1500 ha, Gatun Lake, 

Panama), which has been isolated for the longest period in our study (~92 years), similarly shows 

sustained species richness declines (Fig. 2.3). 

 

 

 

Fig. 2.3: Analysis of species richness (SRICH) data from 249 islands and 84 control sites 

available from nine dams in three broad habitat types (wet tropical forest, 

subtropical forest, and tropical grassland), modelled with time since island isolation 

(TISO) and island area (AREA). Bold black lines represent the slope for the overall 

model, with individual lines for each dam fitted using the BLUPs extracted from 

random effects. Colour indicates dam identity: grey = Petit Saut; green = Chiew Larn; 

magenta = Lago Guri; brown = Randenigala; light pink = Cabra Corral; orange = Lake 

Kenyir; purple = Balbina; red = Thousand Island Lake; blue = Gatun Lake. Axes are on 

a natural log scale. 

 

The estimates for the random effect of DAM  (BLUPs) show that the majority of dams (66%) 

maintain lower than expected levels of species richness i.e. species richness values fall below those 

predicted by the overall model (Fig. 2.3; S2.3). Only islands in Gatun Lake, Balbina, and Thousand 
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Island Lake maintain higher species richness than predicted. Using our model we can predict SRICH 

values for islands of mean area at a given isolation time, and islands of different areas at the mean 

isolation time, for each reservoir. For example, the SRICH for mean island size within Gatun Lake 

reduces from 2.24 at five years of isolation to 1.49 after 90 years of isolation. In contrast, in Lake 

Kenyir which maintains the lowest expected species richness values, a small island of 5 ha (at 

mean island isolation time) has a predicted SRICH value of 1.35, which is increased to just 2.23 on an 

island of 1000 ha. There was no evidence that islands located nearer other terrestrial habitat or 

mainland continuous habitat had reduced levels of species loss. 

 

2.5 DISCUSSION 

Our study finds that terrestrial taxa isolated on reservoir islands experience significant reductions in 

species richness in less than a century of isolation. Such sustained local species losses after the 

initial loss of habitat indicates that reservoir island species are subject to an extinction debt, which 

is evident across all dams, habitats, and taxa. All islands showed depauperate levels of species 

richness compared to continuous habitats, with smaller islands maintaining lower species richness 

than larger islands. Island isolation time and area, but not distance from other terrestrial habitat or 

the mainland, were the drivers of species richness patterns observed.  

 

More broadly, we show that the majority of taxa are negatively impacted by reservoir creation 

across a range of other ecological metrics including behaviour and genetic diversity. Our current 

knowledge of the impacts of reservoir creation is disproportionately focussed on mammals, and 

originates predominantly from evergreen Neotropical forest habitats. While not all dams create 

archipelagic landscapes, research within our synthesis covers just 15 of the >58 000 large dams 

operating globally, representing a small and potentially biased sample of possible island systems. 

However, even with such limited data we clearly demonstrate the negative impact of dam creation 

on island species richness. Furthermore, we highlight the shortfalls in current conservation and 

impact mitigation strategies for dam development, particularly in terms of long-term biological 

costs, in addition to the immediate direct loss of lowland habitat during flooding. 
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2.5.1 Island species richness, area, and isolation time 

Classic island biogeography theory (IBT; MacArthur & Wilson 1967) explains variation in island 

species richness through a balance of species immigration and distance from species source pools. 

In the artificial archipelagic systems we investigate in our analysis, rather than a process of species 

accumulation on islands, remnant communities of formerly continuous habitat undergo species loss 

(ñrelaxationò) until a new equilibrium community is reached (Diamond 1972; Gonzalez 2000; 

Lomolino 2000).  

 

Area was a significant predictor of species richness on islands within our analysis, as expected 

from the species-area relationship and IBT (MacArthur & Wilson 1967; Connor & McCoy 1979; 

Triantis, Guilhaumon & Whittaker 2012). However distance, both to the mainland and other 

islands, was not a significant predictor of island species richness: this represents a departure from 

the IBT, and suggests the reduced importance of metapopulation dynamics (Hanski & Gilpin 1991; 

With & King 2001) and the ñrescue effectò (Brown & Kodric-Brown 1977) for maintaining insular 

populations in artificial archipelagic systems.  

 

In the case of reservoir islands, remnant terrestrial habitat fragments are surrounded by a high-

contrast, inhospitable water matrix, presenting a prohibitive dispersal barrier for certain taxa. Such 

an extreme dispersal barrier effectively renders all islands as too isolated for any ñrescue effectò 

from wider species source pools to maintain island communities and species richness, and explains 

the lack of distance effects we find in our analysis (Watson 2002). The evolutionary history and 

traits of species resident in continuous habitats make many incapable of dispersing through open 

habitats, across large distances, or through a high-contrast matrix such as open water (see Fig. 2 in 

Ewers & Didham, 2006).  For example, the ability of tropical understorey bird species to disperse 

across a water matrix between islands was tested in Gatun Lake, Panama, where some species were 

limited to <100m of flight (Moore et al. 2008); species reliant on continuous habitats can be averse 

to crossing even small clearings, such as logging roads, even when the forest canopy is closed 

(Develey & Stouffer 2001; Laurance, Stouffer & Laurance 2004).  
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Habitat fragments surrounded by water therefore represent a worse-case scenario in terms of 

fragmentation effects; aside from the dispersal barrier preventing species migration, islands are 

subject to extreme edge effects from e.g. increased UV and wind damage, often penetrating deep 

into islands leading to further degradation of island biota (Murcia 1995; Laurance & Curran 2008; 

Benchimol & Peres 2015c). Habitat fragments embedded within a more similar and potentially 

hospitable, but low-quality, terrestrial habitat matrix (e.g. forest fragments within an agricultural 

landscape) can retain higher levels of species diversity, with reduced local extinction rates 

(Mendenhall et al. 2011), when compared to reservoir islands of a similar size (Mendenhall et al. 

2014).  

 

We find a reduction in species richness on all islands with increasing time since initial habitat loss. 

Such a pattern of sustained and delayed species loss is indicative of extinction debt (Tilman et al. 

1994; Kuussaari et al. 2009; Kitzes & Harte 2015). Extinction debts are especially high in areas 

subject to recent large-scale habitat loss, such as islands created by rapid flooding of terrestrial 

habitats (Hanski & Ovaskainen 2002). Our analysis illustrates that reservoir islands are of limited 

long-term conservation value, due to evidence of an extinction debt: species loss appears most 

rapid on smaller islands, but even the largest islands studied (~1690 ha) exhibited lowered species 

richness in under 30 years of isolation.  

 

Ongoing species losses have been reported on another large island in our synthesis: Barro Colorado 

Island (BCI, ~1500 ha) has been isolated for 92 years since the formation of the Gatun Lake, 

Panama. In less than a century of island isolation, and despite strict environmental protection of 

BCI and surrounding peninsulas, 65 bird species (Robinson 1999) and 23 butterfly species (Basset 

et al. 2015) have become locally extinct, alongside long-term degradation of the tree community 

(Leigh et al. 1993).  In the Balbina hydroelectric mega-dam system in Amazonia, Benchimol and 

Peres (2015c) calculated that a threshold island size of 475 ha was needed to conserve >80% of 

terrestrial and arboreal vertebrates on islands.  However, only 25 out of 3546 islands in the Balbina 

archipelago meet this size criterion. Balbina is protected by the largest biological reserve in Brazil, 

and thus represents a best case scenario for biodiversity conservation within an artificial 
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archipelago system. Species inhabiting other such systems, without protection, will therefore likely 

suffer not only from direct habitat loss through flooding and potential extinction debt, but 

additional human-mediated impacts such as deforestation, agriculture, hunting, and fire (Peres 

2001b; Laurance 2008). 

 

The data we use for analysis of species richness on reservoir land-bridge islands originate from 249 

islands within 9 of the 15 dams presented in Fig. 2.1 and allow us to show patterns applicable to all 

dams and taxonomic groups, although we acknowledge that publication bias towards negative 

impacts of reservoir creation could influence the response patterns presented. While the data do not 

allow us to disentangle species richness patterns for individual taxonomic groups, dams and habitat 

types, we have addressed this shortcoming by using random effects in linear mixed effects models 

(Bunnefeld & Phillimore 2012). Similarly we cannot calculate the magnitude of extinction debts 

for individual taxonomic groups and/or habitat types, and instead highlight evidence that all 

reservoir islands are subject to an extinction debt, and therefore cannot be relied upon for long-term 

species conservation.  

 

It is possible that the observed patterns of depauperate island species richness could be shaped by 

landscape attributes prior to inundation and non-random loss of more species-rich lowland habitat 

during flooding (Seabloom et al. 2002). Mainland species richness levels may have been elevated 

through surveying lowland habitats; such a potential sampling effect should be accounted for 

during survey site selection (e.g. Benchimol & Peres 2015a). In continuous habitats the greater 

availability of resources allows more species to inhabit a given area, compared to the same area of 

isolated habitat (Ewers & Didham 2006). Thus, sampling islands can inherently give lower species 

richness values than an equal area of continuous habitat (MacArthur & Wilson 1963; Gonzalez 

2000; Crawley & Harral 2001; Halley et al. 2014).  

 

Data for island taxa in artificial archipelagos come from snapshots of responses to isolation in <100 

years of reservoir lifetime, across multiple taxa and habitat types. In addition, no studies monitored 

changes in insular community dynamics over a significant post-isolation time. Consequently, we 
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cannot currently determine if the rates of local species loss are predictable beyond the relatively 

short time frame analysed here. Nor can we accurately quantify extinction debt to predict the 

eventual number of species able to persist in the artificial archipelago systems created due to the 

assumptions that would be required to do so. Further long-term monitoring of reservoir island biota 

is needed to allow these more detailed assessments to be made, since at present only Gatun Lake, 

Panama, provides data for a reservoir >90 years of age. 

 

2.5.2 Conservation implications 

Our study strongly suggests that islands within reservoir systems do not sustain full complements 

of flora and fauna in the long term; larger islands retain species for longer than smaller islands, but 

all island communities likely face an extinction debt. Given that degradation of island communities 

can be predicted to occur in all artificial archipelagic systems created by dam development, we 

emphasise that reservoir islands cannot be used for species conservation as part of impact 

mitigation strategies. The combined area of reservoir islands should be explicitly included in 

environmental impact assessments, in addition to the area of habitat directly lost through 

inundation. 

 

Current policy to mitigate the negative impacts of dam creation on terrestrial environments consists 

of ñgood practiceò guidelines with no statutory legislation requiring specific actions by developers 

(International Energy Agency 2006). Environmental legislation is highly variable among countries, 

and there is no signatory international agreement on how to forecast, prevent or mitigate the effects 

of large dams. Mitigation measures can take a multitude of forms, ranging from conducting wildlife 

inventories and environmental impact assessments before reservoir filling, creating new habitats 

such as wetland zones within the reservoir system, and conservation offsets such as strictly 

protecting land both within and surrounding reservoirs. There is however no long-term monitoring 

of such practices to assess whether these mitigation measures are effective (International Energy 

Agency 2000).  
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In light of the many dams that are planned to meet future water and electricity needs, especially in 

developing countries, we call for better trade-off calculations (Kareiva 2012) to be made for future 

dams, accounting for long-term species loss on islands created by flooding. In addition, enhanced 

protection of larger islands and surrounding non-fragmented habitats is essential to avoid biological 

collapse in artificial archipelagic systems. We highlight the potential for additional impacts from 

long-term degradation of high carbon-storing habitats such as tropical forests, where erosion of 

island tree communities (Benchimol & Peres 2015a) could lead to future carbon loss from tropical 

dams, exacerbating the greenhouse gas emissions already documented from this ñgreenò energy 

source (Fearnside 2009; Demarty & Bastien 2011). 

 

2.5.3 Conclusions 

We have shown that there is an overall negative response of terrestrial species and communities to 

isolation on reservoir land-bridge islands. These trends are seen across a broad spectrum of 

taxonomic groups and ecological metrics. Species isolated on reservoir islands will likely 

experience extinction debt, and the rate of local extinctions is driven by island size and island 

isolation time, independently of distance from potential source populations within the landscape. 

Our synthesis of current literature allows broad conclusions about the ecological impacts of 

reservoirs through time, and highlights the need for further research from a greater number of 

reservoirs over the duration of their lifetime. Building upon the findings that we present here, 

investigation of the many other direct and indirect ecological impacts of reservoirs, such as loss of 

river habitats and connectivity, land tenure rights, and the impacts of wider infrastructure 

development on surrounding habitats, should be a priority for future research. 
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S2.1: Summary of sources and data included in Chapter 2. References for these studies follow in S2.1.2 

Reference Habitat type Country Dam Isolation 
time 

(years) 

Number 
of islands 
studied 

Number 
of 

control 
sites 

Island 
areas 
(ha) 

Overall 
response 
reported 
by study 

Study type Response 
reported 
per study 

type 

Taxonomic 
group(s) studied 

Response 
of 

taxonomic 
group 

Data used 
in species 
richness 
analysis 

Benchimol 
and 

Venticinque, 
2010 

Wet tropical 
forest 

Brazil Balbina 20 1 0 no data Positive Population density Positive Mammals Negative No 

Behaviour Positive Birds Positive 

Benchimol 
and 

Venticinque, 
2014 

Wet tropical 
forest 

Brazil Balbina 21 20 0 5-1815 Negative Species richness Negative Mammals Negative No 

Presence/ absence Negative 

Benchimol 
and Peres, 

2015a 

Wet tropical 
forest 

Brazil Balbina 26 34 12 <1-1690 Negative Species richness Negative Plants Negative Yes 

Presence/ absence Negative 

Community 
composition 

Negative 

Benchimol 
and Peres, 

2015b 

Wet tropical 
forest 

Brazil Balbina 26 34 12 <1-1690 Negative Presence/ absence Negative Mammals Negative No 

Birds Negative 

Herptiles Negative 

Benchimol 
and Peres, 

2015c 

Wet tropical 
forest 

Brazil Balbina 26 34 12 <1-1690 Negative Presence/ absence Negative Mammals 

 

Negative 

 

No 

Community 
composition 

Negative Birds Negative 

 Functional diversity Negative Herptiles Negative 

Emer et al., 
2013 

Wet tropical 
forest 

Brazil Balbina 20 20 6 <15 - 
>2000 

Negative Species richness Negative Plants Negative No 

Community 
composition 

Negative Invertebrates Negative No 

Bastos et al., 
2010 

Wet tropical 
forest 

Brazil Tucurui 17 2 2 no data Neutral Genetic diversity Neutral Mammals Neutral No 
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Carvalho et 
al., 2012 

Wet tropical 
forest 

Brazil Tucurui 21 8 0 12.9-
91.3 

Neutral Presence/ absence Neutral Invertebrates Neutral No 

Ferreira et al., 
2012 

Wet tropical 
forest 

Brazil Tucurui 27 17 0 7.9-
102.6 

Negative Species richness Negative Plants Negative No 

Community 
composition 

Negative 

Lima et al., 
2015 

Wet tropical 
forest 

Brazil Tucurui 21 10 0 3-2140 Negative Species richness Negative Herptiles Negative No 

Presence/ absence Negative 

Silva and 
Ferrari, 2009 

Wet tropical 
forest 

Brazil Tucurui 17 1 1 16.3 Negative Genetic diversity Negative Mammals Negative No 

Fitness/ 
recruitment 

Negative 

Veiga and 
Ferrari, 2006 

Wet tropical 
forest 

Brazil Tucurui 19 1 1 18 Negative Population density Negative Mammals Negative No 

Behaviour Negative 

Cosson et al., 
1999a 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 3 33 3 0.5-80 Negative Community 
composition 

Negative Birds Negative No 

Herptiles Negative 

Mammals Negative 

Cosson et al., 
1999b 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 1 6 3 2-40 Negative Species richness Negative Mammals Negative Yes 

Community 
composition 

Negative 

Daleky et al., 
2002 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 4 36 2 <1->20 Negative Species richness Negative Mammals Negative No 

Davies, 2002 Wet tropical 
forest 

French 
Guiana 

Petit Saut 3 10 3 0.2-80 Neutral Species richness Variable Invertebrates Neutral No 

Presence/ absence Variable 

Davies et al., 
2003 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 4 10 3 0.35-80 Variable Species richness Variable Invertebrates Variable No 

Community 
composition 

Variable 

Feer and Wet tropical French Petit Saut 4 7 3 1.1-25.5 Negative Species richness Negative Invertebrates Negative Yes 
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Hingrat, 2005 forest Guiana Community 
composition 

Negative Mammals Negative 

Granjon et al., 
1996 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 1 10 1 0.35-30 Negative Species richness Variable Mammals Negative Yes 

Community 
composition 

Variable Negative 

Population density Variable Variable 

Granjon et al., 
2002 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 4 33 0 0.1-8.5 Negative Species richness Negative Mammals Negative No 

Presence/ absence Negative 

Henry et al., 
2007a 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 9 14 4 2-7.5 Variable Behaviour Variable Mammals Variable No 

Fitness/ 
recruitment 

Negative 

Henry et al., 
2007b 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 9 14 4 0.8-7.5 Negative Presence/ absence Negative Mammals Negative No 

Behaviour Negative 

Henry et al., 
2010 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 9 14 4 0.8-7.5 Negative Species richness Negative Mammals Negative No 

Pons and 
Cosson, 2002 

Wet tropical 
forest 

French 
Guiana 

Petit Saut 2 16 1 <6-28 Neutral Species richness Neutral Mammals Neutral Yes 

Ringuet, 2000 Wet tropical 
forest 

French 
Guiana 

Petit Saut 1 35 1 0.2-60 Negative Species richness Negative Mammal Negative No 

Presence/ absence Negative Herptiles Negative 

Aponte et al., 
2003 

Wet tropical 
forest 

Venezuela Lago Guri 14 1 2 350 Negative Population density Positive Herptiles Negative No 

Fitness/ 
recruitment 

Negative 

Asquith et al., 
1999 

Wet tropical 
forest 

Venezuela Lago Guri 10 13 2 1-350 Negative Species presence/ 
absence 

Negative Plants Negative No 

Community 
composition 

Negative Mammals Negative 
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Feeley, 2003 Wet tropical 
forest 

Venezuela Lago  Guri 14 26 0 0.2-180 Negative Species richness Negative Birds Negative No 

Feeley and 
Terborgh, 

2005 

Wet tropical 
forest 

Venezuela Lago  Guri 16 19  >0.2-<5 Variable Community 
composition 

Variable Primates Negative No 

Plants Negative 

Feeley and 
Terborgh, 

2006 

Wet tropical 
forest 

Venezuela Lago  Guri 14 29 0 >2.5-
<25 

Variable Species richness Positive Mammals Neutral No 

Population density Positive Birds Positive  

Feeley et al., 
2007 

Wet tropical 
forest 

Venezuela Lago  Guri 14 26 0 <2.5 - 
>25 

Negative Community 
composition 

Variable Birds Negative No 

Feeley and 
Terborgh, 

2008 

Wet tropical 
forest 

Venezuela Lago  Guri 17 11 0 <1 - 
>200 

Negative Species richness Negative Birds Negative No 

Presence/ absence Negative 

Lambert et al., 
2003 

Wet tropical 
forest 

Venezuela Lago  Guri 12 10 0 0.2-350 Negative Species richness Variable Mammals Negative No 

Larsen et al., 
2005 

Wet tropical 
forest 

Venezuela Lago  Guri 17 29 3 0.16-
181 

Negative Species richness Negative Invertebrates Negative No 

Community 
composition 

Negative 

Functional diversity Negative 

Larsen et al., 
2008 

Wet tropical 
forest 

Venezuela Lago  Guri 17 33 1 0.16-
181 

Negative Species richness Negative Invertebrates Negative No 

Species presence/ 
absence 

Negative 

Population density Negative 

Lopez et al., 
2005 

Wet tropical 
forest 

Venezuela Lago  Guri 15 2 0 0.6-190 Negative Behaviour Negative Mammals Negative No 

Fitness Negative 

Lopez and 
Terborgh, 

Wet tropical Venezuela Lago  Guri 13 13 2 0.6-190 Negative Community 
composition 

Negative Mammals Negative No 
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2007 forest Fitness/ 
recruitment 

Negative Plants Negative No 

Norconk and 
Grafton, 2003 

Wet tropical 
forest 

Venezuela Lago  Guri 16 1 0 12.8 Negative Species presence/ 
absence 

Negative Mammals Negative No 

Population density Negative Plants Negative No 

Genetic diversity Negative 

Peetz et al., 
1992 

Wet tropical 
forest 

Venezuela Lago  Guri 4 1 0 70 Negative Behaviour Negative Mammals Negative No 

Rao, 2000 Wet tropical 
forest 

Venezuela Lago  Guri 10 19 1 0.15-
350 

Variable Population density Variable Invertebrates Variable No 

Rao et al., 
2001 

Wet tropical 
forest 

Venezuela Lago  Guri 9 12 3 0.3-350 Negative Presence/ absence Variable Plants Negative No 

Fitness/ 
recruitment 

Variable Invertebrates Negative No 

Shahabuddin 
et al., 2000 

Wet tropical 
forest 

Venezuela Lago  Guri 11 12 0 0.1-350 Negative Presence/ absence Variable Invertebrates Negative No 

Shahabuddin 
and Terborgh, 

2000 

Wet tropical 
forest 

Venezuela Lago  Guri 11 11 11 0.1-1.15 Negative Species richness Negative Invertebrates Negative No 

Population density Negative 

Shahabuddin 
and Ponte, 

2005 

Wet tropical 
forest 

Venezuela Lago  Guri 11 11 8 0.1-1.15 Negative Species presence/ 
absence 

Negative Invertebrates Negative No 

Terborgh et 
al., 1997a 

Wet tropical 
forest 

Venezuela Lago  Guri 9 12 1 1-350 Negative Community 
composition 

Variable Birds Negative Yes 

Population density Positive 

Terborgh et 
al., 1997b 

Wet tropical 
forest 

Venezuela Lago  Guri 9 12 1 1-350 Negative Species richness Negative Birds Negative No 

Presence/ absence Negative Mammals Negative 

Population density Variable Herptiles Negative 

Invertebrates Positive 
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Terborgh et 
al., 2001 

Wet tropical 
forest 

Venezuela Lago  Guri 8 12 4 0.25-
>150 

Negative Presence/ absence Negative Invertebrates Negative No 

Community 
composition 

Negative Plants Negative 

Population density Variable 

Fitness/recruitment Negative 

Terborgh et 
al., 2006 

Wet tropical 
forest 

Venezuela Lago  Guri 19 12 4 0.6-
189.8 

Negative Presence/absence Negative Plants Negative No 

Fitness/ 
recruitment 

Negative Invertebrates Negative 

Adler and 
Seamon, 1991 

Wet tropical 
forest 

Panama Gatun Lake 75 50 0 0.3-17.1 Negative Species presence/ 
absence 

Negative Mammals Negative No 

Adler, 1994 Wet tropical 
forest 

Panama Gatun Lake 77 8 0 1.7-3.5 Variable Fitness/ 
recruitment 

Variable Mammals Variable No 

Adler (1996)a Wet tropical 
forest 

Panama Gatun Lake 82 8 0 no data Positive Population density Positive Mammals Positive No 

Fitness/ 
recruitment 

Variable 

Adler (1996)b Wet tropical 
forest 

Panama Gatun Lake 75 50 0 0.3-17.1 Variable Species presence/ 
absence 

Variable Mammals Variable No 

Adler et al., 
1997 

Wet tropical 
forest 

Panama Gatun Lake 82 4 0 1.9-2.7 Variable Population density Variable Mammal Variable No 

Fitness/ 
recruitment 

Variable Plant/tree/fungi Variable 

Arnold and 
Asquith, 2002 

Wet tropical 
forest 

Panama Gatun Lake 83 8 0 <1-1500 Negative Fitness/ 
recruitment 

Variable Invertebrate Negative No 

Plants Negative 

Asquith et al., 
1997 

Wet tropical 
forest 

Panama Gatun Lake 79 11 5 no data Negative Fitness/ 
recruitment 

Negative Plants Negative No 

Mammal Negative 

Asquith and Wet tropical Panama Gatun Lake 83 9 4 <2.2-17 Negative Species richness Negative Plants Negative No 
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Mejía-Chang, 
2005 

forest Community 
composition 

Negative Mammal Negative 

Boyett et al., 
2000 

Wet tropical 
forest 

Panama Gatun Lake 81 12 0 1.7-3.7 Negative Species richness Negative Mammal Negative No 

Presence/ absence Negative 

Population density Negative 

Estrada-
Villegas et al., 

2010 

Wet tropical 
forest 

Panama Gatun Lake 92 8 6 2.5-50 Variable Species richness Positive Mammal Variable Yes 

Community 
composition 

Negative 

Behaviour Negative 

Karr, 1982a Wet tropical 
forest 

Panama Gatun Lake 68 1 1 no data Negative Species richness Negative Birds Negative No 

Species presence/ 
absence 

Negative 

Population density Negative 

Karr, 1982b Wet tropical 
forest 

Panama Gatun Lake 66 1 2 no data Negative Species richness Negative Birds Negative Yes 

Karr, 1990 Wet tropical 
forest 

Panama Gatun Lake 74 1 1 no data Negative Presence/ absence Negative Birds Negative No 

Fitness/ 
recruitment 

 

Leigh et al., 
1993 

Wet tropical 
forest 

Panama Gatun Lake 66 7 4 no data Negative Species richness Negative Plants Negative Yes 

Mangan et al., 
2004 

Wet tropical 
forest 

Panama Gatun Lake 85 6 3 <0.5-3.5 Variable Presence/ absence Variable Fungi Variable No 

Meyer and 
Kalko, 2008a 

Wet tropical 
forest 

Panama Gatun Lake 91 11 6 2.5-50 Negative Species richness Negative Mammals Negative Yes 

Community 
composition 

Negative 

Meyer and 
Kalko, 2008b 

Wet tropical 
forest 

Panama Gatun Lake 91 11 0 2.5-50 Negative Presence/ absence Negative Mammals Negative No 

Meyer et al., 
2009 

Wet tropical 
forest 

Panama Gatun Lake 90 11 3 2.5-50 Negative Genetic diversity Negative Mammals Negative No 
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Milton et al., 
2008 

Wet tropical 
forest 

Panama Gatun Lake 90 1 0 1600 Neutral Genetic diversity Neutral Mammals Neutral No 

Robinson, 
1999 

Wet tropical 
forest 

Panama Gatun Lake 82 1 0 1600 Negative Species richness Negative Birds Negative No 

Presence/ absence Negative 

Population density Negative 

Willis, 1974 Wet tropical 
forest 

Panama Gatun Lake 57 1 0 1600 Negative Species richness Negative Birds Negative No 

Community 
composition 

Negative 

Population density Negative 

Wright et al., 
1994 

Wet tropical 
forest 

Panama Gatun Lake 74 1 1 1600 Neutral Species richness Neutral Mammals Neutral No 

Qie et al., 
2011 

Wet tropical 
forest 

Malaysia Lake Kenyir 23 24 3 <1-
383.3 

Negative Presence/ absence Negative Invertebrates Negative Yes 

Community 
composition 

Variable 

Functional diversity Variable 

Yong et al., 
2010 

Wet tropical 
forest 

Malaysia Lake Kenyir 22 6 2 <20-
>100 

Negative Species richness Negative Birds Negative Yes 

Community 
composition 

Negative 

Yong et al., 
2012 

Wet tropical 
forest 

Malaysia Lake Kenyir 22 6 2 <20-
>100 

Negative Species richness Negative Invertebrates Negative Yes 

Gibson et al., 
2013 

Wet tropical 
forest 

Thailand Chiew Larn 26 16 1 0.3-56.3 Negative Species richness Negative Mammals Negative Yes 

Presence/ absence Negative 

Lynam, 1997 Wet tropical 
forest 

Thailand Chiew Larn 7 12 12 0.7-109 Negative Species richness Negative Mammals Negative No 

Community 
composition 

Variable 

Functional diversity Negative 
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Lynam and 
Billick, 1999 

Wet tropical 
forest 

Thailand Chiew Larn 7 12 12 0.7-109 Negative Community 
composition 

Variable Mammals Variable No 

Badano et al., 
2005 

Subtropical 
forest 

Argentina Cabra Corral 15 9 1 0.16-
62.5 

Negative Species richness Negative Invertebrates Negative Yes 

Brandao and 
Araujo, 2008 

Tropical 
grassland 

Brazil Serra da 
Mesa 

4 8 1 0.5-23 Negative Presence/ absence Negative Herptiles Negative No 

Ennen et al., 
2011 

Subtropical 
forest 

USA Walter F. 
George 

45 2 8 no data Variable Population density Variable Herptiles Variable No 

Genetic diversity Neutral 

Fitness/ 
recruitment 

Negative 

Rebelo and 
Rainho, 2009 

Mediterranean 
woodland 

Portugal Alqueva 2 4 6 no data Negative Presence/ absence Positive Mammals Negative No 

Behaviour Negative 

Weerakoon, 
2001 

Subtropical 
forest 

Sri Lanka Randenigala 12 6 5 2-167 Negative Species richness Variable Herptiles Negative Yes 

Presence/ absence Variable Herptiles Positive 

Mammals Negative 

Ding et al., 
2013 

Subtropical 
forest 

China Thousand 
Island Lake 

50 41 0 <0.5-
>140 

Negative Species richness Negative Birds Negative No 

Hu et al., 2011 Subtropical 
forest 

China Thousand 
Island Lake 

49 154 0 0.02-
1153.88 

Negative Species richness Negative Plants Negative No 

Hu et al., 2012 Subtropical 
forest 

China Thousand 
Island Lake 

49 152 0 no data Negative Species richness Negative Plants Negative No 

Lu et al., 2011 Subtropical 
forest 

China Thousand 
Island Lake 

48 50 0 <1->5 Variable Species richness Variable Plants Variable No 

Presence/ absence Variable 

Wang et al., 
2009 

Subtropical 
forest 

China Thousand 
Island Lake 

49 42 7 0.67-
1289.23 

Negative Species richness Negative Herptiles Negative Yes 

Wang et al., Subtropical China Thousand 50 46 0 0.3- Negative Species richness Negative Birds Negative No 
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2010 forest Island Lake 1289.23 Presence/ absence Negative Herptiles Negative 

Mammal Negative 

Wang et al., 
2011 

Subtropical 
forest 

China Thousand 
Island Lake 

50 46 0 0.3-
1289.23 

Negative Community 
composition 

Negative Birds Negative No 

Wang et al., 
2012a 

Subtropical 
forest 

China Thousand 
Island Lake 

52 42 0 0.3-
1289.23 

Negative Species richness Negative Birds Negative No 

Wang et al., 
2012b 

Subtropical 
forest 

China Thousand 
Island Lake 

51 20 0 0.8-
1289.23 

Negative Species richness Negative Herptiles Negative No 

Wang et al., 
2012c 

Subtropical 
forest 

China Thousand 
Island Lake 

53 8 10 no data Variable Genetic diversity Variable Plants Variable No 

Wang et al., 
2012d 

Subtropical 
forest 

China Thousand 
Island Lake 

51 14 0 1.74-
128.32 

Variable Behaviour Variable Herptiles Variable No 

Yu and Lu, 
2011 

Subtropical 
forest 

China Thousand 
Island Lake 

50 10 1 no data Negative Fitness/ 
recruitment 

Variable Plants Negative No 

Yu et al., 2012 Subtropical 
forest 

China Thousand 
Island Lake 

53 41 0 0.16-
1153.9 

Negative Species richness Negative Plants Negative No 

Community 
composition 

Negative Birds Negative 

Yuan et al., 
2012 

Subtropical 
forest 

China Thousand 
Island Lake 

53 10 8 0.2-875 Negative Genetic diversity Negative Plants Negative No 

Zhang et al., 
2007 

Subtropical 
forest 

China Thousand 
Island Lake 

48 31 1 no data Negative Presence/ absence Negative Plants Negative No 

Population density Negative 

Crete et al., 
1997 

Boreal Canada LG-3 11 10 10 no data Neutral Species richness Variable Mammal Neutral No 

Community 
composition 

Neutral Birds Neutral 

Plants Positive 

Bégin et al., 
2010 

Boreal Canada Robert-
Bourassa 
Reservoir 

30 16 0 no data Negative Fitness/ 
recruitment 

Negative Plants Negative No 
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S2.2: Coefficients of fixed effects in linear mixed effects models. Coefficients for the 

fixed effects of models that treat study identity, dam, and taxonomic group as 

random effects. The Chi-square (x2) value and p-value from model comparison by 

ANOVA is given. The final model used in analysis only included significant fixed 

effects: AREA and TISO. Values presented in this table are from model comparisons 

using a reduced dataset (n islands = 148) to account for missing values. Following 

model comparison, the final model was used on the full dataset (n islands = 249) 

which did not have missing values for the variables included in the model. 

 

Fixed effects Estimate SE t-value df x2 P-value 

Intercept -0.514 0.237 -2.168    

AREA 0.237 0.02 11.958 1 94.744 <0.001 

TISO -0.328 0.069 -4.720 1 16.136 <0.001 

DMAIN -0.037 0.039 -0.951 1 0.894 0.344 

DISLAND -0.062 0.043 -1.434 1 1.991 0.158 

 

 

S2.3: Best linear unbiased predictors. Intercepts for the best unbiased linear 

predictors (BLUPs) for each dam generated using ǘƘŜ ΨǊŀƴŜŦΩ ŦǳƴŎǘƛƻƴ ƛƴ ƭƳŜп όBates 

et al., 2014). Negative BLUPs indicate lower species richness values than predicted by 

the model; positive BLUPs indicate higher species richness values than predicted. 

 

Dam Intercept (Dam) 

Balbina 0.0367 

Cabra Corral -0.131 

Chiew Larn -0.071 

Gatun Lake 0.361 

Lago Guri -0.059 

Lake Kenyir -0.247 

Petit Saut -0.079 

Randenigala -0.007 

Thousand Island Lake 0.196 
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CHAPTER 3 

Directional change in tree 

communities on islands created by an 

Amazonian mega-dam  

 

The research ideas were conceived by Isabel Jones, Carlos Peres and Daisy Dent. IJ collected tree 

sapling data. Adult tree data were collected by Maíra Benchimol. Trees were identified by A.E.S. 

Santos, and field assistance provided by E. Damasceno. IJ performed all analyses and wrote the 

Chapter. Peter Morely gave technical advice on the calculation of the NDVI fire metric using 

LandSat imagery. Drafts of this Chapter were commented on by DD, Lynsey Bunnefeld, and 

Alistair Jump. 

 

3.1 ABSTRACT 

Fragmentation of tropical forests can lead to long-term changes in tree community composition, 

loss of carbon storage, and elevated carbon emissions. Edge effects associated with fragmentation 

can induce high levels of tree turnover and mortality, shifting tree community composition away 

from that of continuous forests towards a more unstable state, leading to a loss of ecosystem 

functioning such as carbon storage. Undisturbed Amazonian forests are mega-diverse, and are vital 
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for global carbon cycling, yet these forests are increasingly fragmented. Of particular concern is the 

extent and impacts of forest fragmentation induced by dam development. Recent studies have 

shown that following reservoir creation and isolation on land-bridge islands comprised of former 

hilltops, remnant tree communities rapidly degrade i.e. lose biomass and species. However, to 

elucidate the potential long-term impacts of inundation on tree communities, sapling tree 

communities recruited post-inundation must be investigated. We examine the differences in 

structure and composition of sapling and adult tree communities on islands and in surrounding 

mainland continuous forests of the Balbina hydroelectric mega-dam system, Brazilian Amazon. We 

find that for both sapling and adult tree communities, islands consistently sustain lower tree 

density, richness and diversity than nearby continuous forest. Furthermore, the community 

composition of saplings and adults on islands show a directional shift away from mainland forest 

assemblages, which is related to island area, degree of isolation, amount of surrounding forest 

cover and fire disturbance. Finally, we show that species-level recruitment of saplings per adults 

(log10 (number of saplings : number of adults); S:A) is significantly lower on islands compared to 

mainland continuous forest. Across islands, the significant decline in mean sapling : adult 

recruitment is driven by the degree of fire disturbance, and communities with higher mean 

abundance-weighted wood density values exhibited the largest declines in mean S:A. Our results 

suggest that island tree communities are increasingly unstable, likely leading to a loss of ecosystem 

functioning including carbon storage. We recommend that any future dam development requires 

the aggregate area of reservoir islands be explicity included in impact assessments of biodiversity 

loss. Moreover, we propose that the long-term loss of carbon associated with ongoing tree 

community degradation be considered in carbon cost/benefit analyses of tropical dams. 

 

3.2 INTRODUCTION 

Forests of the Amazon Basin constitute the largest remaining intact tract of tropical forest, 

representing ~40% of global tropical forest cover (Laurance 2001; Peres 2005). Over the past 50 

years land-use change has driven large-scale deforestation and forest fragmentation in the Amazon 

(Laurance 2001). Over 20 % of tree species have been predicted to be extirpated from Amazonian 
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forests under projected levels of forest loss and changing climate scenarios within the next decade 

(Laurance 2001; Peres 2001a; Hubbell et al. 2008; Malhi et al. 2008). Fragmentation of 

Amazonian forests is driven by development of infrastructure, which penetrates into frontier lands. 

For example, the proliferation of roads in rural Amazonia increases local population densities, 

hunting, agricultural expansion and resource extraction, which drives forest loss and fragmentation 

(Peres 2001a; Laurance et al. 2002b, 2009, 2014b; Peres & Lake 2003; Simon & Garagorry 2006; 

Kirby et al. 2006; Asner et al. 2010; Peres et al. 2010; Ahmed et al. 2013). Construction of 

hydroelectric dams is a novel threat contributing to the loss and fragmentation of both terrestrial 

and aquatic environments. Across the Amazon watershed, 191 dams are already in operation and a 

further 246 dams are planned or under construction. These dams cause wholesale changes in the 

functioning of riverine systems (Finer & Jenkins 2012; Lees et al. 2016), as well as extensive loss 

of tropical forest cover and landscape-scale fragmentation of forests remaining above the water 

level (Fearnside 1989; Benchimol & Peres 2015a). 

 

Tropical forest tree communities are highly vulnerable to fragmentation, and once fragmented, 

undergo rapid species loss and changes in community composition. The turnover of tree species in 

fragmented forest communities is temporally variable rendering these communities 

compositionally unstable, and resulting in loss of ecosystem functioning (Laurance et al. 2006b; 

Santo-Silva et al. 2016). Desiccation and wind damage at fragment edges causes substantial tree 

mortality within 100 m of the forest edge, and fast-growing pioneer tree species can exploit these 

high light conditions, resulting in a shift towards more homogenous low wood density tree 

communities (Laurance et al. 2006a; Lôbo et al. 2011). Fires that penetrate into fragment interiors 

can cause pervasive loss of old growth species since tropical forest species are not historically 

adapted for fire disturbance (Michalski, Nishi & Peres 2007). Repeated fire disturbance can lead to 

divergence of post-fire tree communities from the initial adult tree community in favour of fast-

growing pioneer communities able to exploit fire-disturbed conditions (Barlow & Peres 2008; 

Balch et al. 2013).  
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The quality of the surrounding habitat matrix modifies both the present and future composition of 

insular tree communities. Open or deforested matrices reduce movement of animals and seed 

dispersal among fragments, and exacerbate edge effects compared to other matrices such as 

partially forested pasture or young secondary forest (Nascimento et al. 2006a; Tabarelli et al. 2008; 

Ewers et al. 2017). Fragments surrounded by a water matrix are subject to extreme fragmentation 

effects, with impeded species immigration, and no buffer to edge effects (Ewers & Didham 2006; 

Mendenhall et al. 2011, 2014; Jones et al. 2016). Tree communities isolated on land-bridge islands 

created by river impoundment in Amazonia have undergone rapid change, with tree species 

becoming locally extinct and shifts towards remnant forest communities dominated by pioneer tree 

species and lianas (Leigh et al. 1993; Terborgh et al. 2001; Benchimol & Peres 2015a). Thus, 

erosion of remnant tree communities and a concomitant reduction in community-level carbon 

storage on reservoir islands, could represent a significant loss of carbon not yet accounted for in the 

decision-making processes surrounding construction of new dams in Amazonia (Zarfl, Lumsdon & 

Tockner 2015; Fearnside 2016a; b; Lees et al. 2016; Winemiller et al. 2016). 

 

Habitat fragmentation fundamentally alters tree communities: fragmented tree communities have 

increased mortality rates and are dominated by small-diameter (<20 cm) low wood density pioneer 

species. Such shifts increase forest carbon cycling and reduce carbon storage in the long term 

(Nascimento & Laurance 2004; Laurance et al. 2006b, 2014a; Santos et al. 2008). Forest 

fragmentation leads to a net production of carbon at the fragment edge (~12-15 Mg C produced for 

every 100 m of forest edge created; Nascimento & Laurance 2004), and reduced carbon storage 

within fragments compared to forest interiors (25 % reduction in carbon storage <500 m from the 

fragment edge, and 10 % reduction at 500-1500 m; Chaplin-Kramer et al. 2015). Processes that 

fragment forests therefore not only cause direct loss of carbon through deforestation, but also result 

in long-term carbon emissions from forest fragments.  

 

Tropical forests are of unparalleled importance for biodiversity and the global carbon cycle (Malhi 

& Grace 2000; Barlow et al. 2007; Gibson et al. 2011; Pan et al. 2011). Amazonian forests are 

estimated to store a total of ~93  23 Pg C within above-ground living biomass, 80 % of which is 
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held in large trees >10 cm diameter, which is driven by high net primary productivity rates 

estimated at ~10-14 Mg C ha-1 year-1 (Nascimento & Laurance 2002; Baker et al. 2004a; Malhi et 

al. 2009; Malhi et al. 2006). The amount of carbon held within the aboveground woody biomass of 

a forest depends on the tree species present, due to species-specific differences in allocation of 

carbon to woody tissue (Muller-Landau 2004; Chave et al. 2009). Hence, wood density is broadly 

related to successional status; fast-growing light-demanding pioneer species typically have lower 

wood densities than slow-growing shade-tolerant species due to trade-offs in life-history strategies 

(Muller-Landau 2004; Chao et al. 2008; Chave et al. 2009). At the community level, abundance-

weighted mean wood density (i.e. community-weighted mean wood density) therefore provides an 

indication of both the carbon storage capacity, and the dynamism of the tree community as a whole, 

with low community-weighted mean wood density indicative of low carbon pioneer-dominated 

assemblages (Chao et al. 2008; Chave et al. 2009; Baker et al. 2004b).  

 

Given the importance of Amazonian forests for global carbon storage (Baker et al. 2004a; Malhi et 

al. 2006; Pan et al. 2011), maintaining forest cover in this region is imperative for mitigating the 

impacts of anthropogenic greenhouse gas emissions and reducing levels of atmospheric CO2 (IPCC 

2014). Inundation of tropical forests after river impoundment can result in significant carbon 

emissions (CO2 and CH4) from the decomposition of submerged biomass, and the seasonal 

exposure of the reservoir bottom during periods of low rainfall (Fearnside 2002a; Demarty & 

Bastien 2011; Fearnside & Pueyo 2012). Emissions can persist throughout the lifetime of the 

reservoir, and given the extensive dam construction outlined for the Amazon Basin, better 

consideration of the full carbon costs of hydropower development are needed (Abril et al. 2005; 

Fearnside & Pueyo 2012; Lees et al. 2016). Given the evidence for long-term carbon loss caused 

by forest fragmentation (Asner et al. 2010; Chaplin-Kramer et al. 2015) the carbon costs of 

ongoing degradation of insular tree communities within hydropower reservoirs requires attention.  

 

In order to understand the long-term impact of dam-induced forest fragmentation on remnant 

insular tree communities, the tree sapling community recruited post-inundation must be described. 

Tree sapling communities will provide us with improved insight into the long-term impacts of 
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fragmentation, as adult tree communities tend to represent degraded relics of the formerly 

continuous forest. Describing sapling and adult trees in concert may therefore shed light on 

potential trajectories of floristic change within insular tree communities (Tabarelli et al. 2008; 

Santo-Silva et al. 2016; Ewers et al. 2017). In this study we investigate tree sapling communities 

recruited after the isolation of islands within the Balbina hydroelectric reservoir, Brazilian Amazon, 

to investigate the cross-generational impact of dam-induced habitat fragmentation on tree 

assemblages. We answer the following questions:  

 

1) How do sapling communities and adult tree communities respond to environmental variables 

associated with habitat fragmentation across islands in terms of density, richness, diversity, and 

community-weighted mean wood density? And how do these metrics compare to mainland 

continuous forest? 

 

2) How do patterns of abundance- and incidence-based dissimilarity between sapling and adult 

communities vary across islands and mainland continuous forest?  

 

3) How do patterns in the ratio of saplings : adults differ across islands in relation to environmental 

variables and wood density, and in comparison to mainland continuous forest? 

 

3.3 METHODS 

3.3.1 Study area 

We conducted this study in the Balbina hydroelectric mega-dam system, central Brazilian Amazon 

(1°010 ï 1°550 S; 60°290 ï 59°280 W). Balbina was created when the Uatumã River was dammed 

in 1986, flooding 312,900 ha of continuous lowland old-growth wet tropical forest, transforming 

the landscape into an archipelago of >3500 islands within the reservoir (Fig. 3.1). The landscape 

was not logged prior to inundation, and thousands of dead trees remain standing within the 

reservoir. In an attempt to offset the area of forest inundated, all islands and mainland terra firme 



 

67 

 

forest to the east of the former Uatumã River bank became strictly protected within the ~940,000 

ha Reserva Biológica do Uatumã. The reserve has largely prevented the establishment of small-

scale slash-and-burn agriculture and hunting in the protected portion of Balbina. However, islands 

and mainland to the west of the former Uatumã River bank are accessible by road and boat, and 

there is some small-scale agriculture and resource extraction. In 1997 a fire was accidentally started 

in the unprotected portion of Balbina, and spread through exposed and standing deadwood within 

the reservoir, penetrating into many islands to differing extents. 

 

 

Fig. 3.1: Islands within the Balbina reservoir, Brazil. >3500 islands were created from 

formerly continuous old-growth tropical forest when the Balbina dam was 

constructed in 1986. 

 

We used a network of 89 permanent survey plots (0.25 ha; 10 x 250 m), which have been 

established on 36 islands, and in three widely spaced areas of nearby mainland continuous forest, 

over a comparable elevational gradient (Fig. 3.2). The 36 islands were carefully selected for 

permanent plot establishment by M. Benchimol and C.A. Peres (Benchimol & Peres 2015a), using 

cloudless georeferenced Landsat ETM+ scenes from 2009 (230/061 and 231/061). Islands were 

selected to ensure spatial independence, and have a minimum distance of 1 km between one 
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another. Survey islands were also selected to span a range of island sizes found within the reservoir 

(0.83-1690 ha; mean ± SD = 210.7 ± 392.1), to be located at varying distances from the mainland 

(0.04-17.7 km; mean ± SD = 4.9 ± 4.4), and to cover the fire disturbance gradient. All permanent 

plots are situated Ó50 m from island edges. Depending on the size of the survey island, there are 

between one and four permanent plots per island: one plot on islands <10 ha (mean  SD island 

size = 4.0  2.9 ha, range 0.8ï9.5 ha, n = 14 islands); two plots per island 10-90 ha (44.4  30.1 

ha, 13.4ï78.4 ha, n = 9); three plots per island 91ï450 ha (230.8  116.5 ha, 98.8ï471 ha, n = 7); 

and four plots per island >450 ha (952.6  454.2 ha, 487.5ï1690 ha, n = 6). 

 

 

Fig. 3.2: Geography of the 89 permanent plots within the Balbina landscape. 77 plots 

are located on 36 islands, and 12 plots are located within three separate areas of 

continuous mainland forest. The 500 m buffer marked is the buffer used to calculate 

ǘƘŜ ǇŜǊŎŜƴǘŀƎŜ ƻŦ ŦƻǊŜǎǘ ŎƻǾŜǊ ǎǳǊǊƻǳƴŘƛƴƎ ƛǎƭŀƴŘǎ όǘƘŜ ΨCOVERΩ metric). Map 

modified from Fig. 4.1. 

 






























































































































































































